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Abstract

In recent years, the increasing release of trace organic chemicals to the aquatic
environment have been problematic to both the ecosystem and the human society.
These trace organic chemicals, regarded as emerging contaminants, include different
categories of chemicals, which are either deemed to be safe for human consumption or
they are naturally occurring compounds. As a newly recognized class of emerging
contaminant, artificial sweeteners are proven to be one of the most ubiquitous classes
of emerging contaminants in environmental waters. Its transformation to different suite
of TPs during water treatment processes generated more toxic influence than the parent
compound is problematic.
The realization of the widespread of emerging contaminants, together with their
ambiguous fate and impact to the environment have led to the development of advanced
oxidation processes that can effectively attenuate this wide range of contaminants. In
this work, several catalytic advanced oxidation processes were studied. On one hand,
it aimed to evaluate their effectiveness on the removal of the artificial sweetener –
acesulfame; and on the other hand, to shed lights on the future development of catalytic
advanced oxidation processes.
In the first part of this thesis, the photo-Fenton treatment was evaluated on its
potential to effectively remove acesulfame together with the produced transformation
products, and the post-treatment toxicity screening. The photo-Fenton treatment was
found to be effective in removing both the parent compound and the transformation
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products, without leading to an increase in toxicity, which is largely related to the
effective removal of the transformation products.
In attempt to reduce the reliance on UV irradiation, newly synthesized carbon
and nitrogen co-doped TiO2-based photocatalyst was applied to capture the simulated
sunlight for the degradation of acesulfame. The heterogenous photocatalytic treatment
was found to involve several different oxidative reactive species for both degradation
and transformation by using several scavengers to alter the degradation profile.
Unexpected transformation product was also formed upon treatment in actual water
matrix, suggesting the impact of water constituents to the transformation of emerging
contaminants. Toxicity results indicated the inability to achieve detoxification,
suggesting that a more effective degradation process was needed.
To accelerate the degradation process, and enhance the performance at neutral
pH, the use of redox mediators for Fenton/Fenton-like system was evaluated.
Developed novel Fenton-like system involving copper(II) as transition metal ion,
persulfate as oxidant and mercaptosuccinic acid as redox mediator led to effective
removal of different contaminants. Elucidation of the proposed oxidation mechanism
suggested the role of each components of the system, and the generation of different
reactive species for degradation as indicated by the different acesulfame transformation
profile obtained. The implementation of redox mediators to Fenton/Fenton-like system
was beneficial and an effective approach.
In short, this work presents several kinds of catalytic advanced oxidation
process and shed lights on improving the degradation performance with directions for
the future development of better and more effective water treatment processes.
iii
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Figure 4.27 Time profiles of ACE-TPs during Cu(II)/PS/MSA treatment, (a)
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major TPs and (b) minor TPs. (Conditions: [ACE]ini = 100 µM, [Cu(II)]ini =
50 µM, [PS]ini = 1 mM, [RM]ini = 100 µM, pH= 7 (in 5 mM phosphate buffer),
n=2)
Figure 4.28 Proposed transformation pathway of ACE under Cu(II)/PS/MSA
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treatment.
Figure 5.1 Lab-made irradiation chamber for UV-C and UV-A photolysis (A)
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exterior; (B) interior (with UV-C light turned on).
Figure 5.2 Lab-made irradiation chamber for simulated sunlight photolysis
(A) exterior; (B) interior (with Xenon lamp turned on).
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Chapter 1 Introduction

1.1.

Emerging contaminants

1.1.1.

Background
Emerging Contaminants (ECs) are a group of unregulated exogenous

compounds that are mainly anthropogenic and have not been detected previously but
are now widely discovered in the natural environments; and ECs are usually
unregulated compounds in drinking water supplies.1,2 ECs represent a wide range of
chemicals that exist in a range of products we use in our daily lives; from food,
pharmaceuticals, illicit drugs, personal-care products, engineered nanomaterials
etc.1,3,4 Since ECs occurrence were largely related with human activities, therefore,
they were largely detected in effluents from hospitals, wastewater treatment plants,
landfills and natural aquatic environments, and also drinking water systems, from a few
ng/L to hundreds of µg/L.5
Many of the ECs were proven potentially as a threat or adversely affected the
aquatic environments and humans even at low concentrations. Unlike traditional
contaminants which are of acute toxicity, ECs could exert their influence in a more
subtle manner, in which the most potent of these chemicals could disrupt the endocrine
system (endocrine disrupting compounds, EDCs).3–5 In the environment, they are a
potential threat to the health of both the aquatic ecosystem and human beings. Many of
these contaminants may also transform in the environment, or go through the water
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treatment processes. This may produce transformation products of higher persistence,
with potentially higher toxicity than the parent compounds; or the ECs could also
transformed into disinfection byproducts (DBPs) precursors during disinfection
process.1,4 Thus, the ecosystem is at stake to be interfered by the potential noxious
impact of these ECs.
As concern regarding the ubiquitous occurrence of ECS continues to grow,
numerous efforts have been devoted on probing the fate of ECs, ways to remove them
and to reveal the impact of these ECs to the ecosystem. Countless work has evaluated
the removal and degradation of ECs, through traditional chemical treatments like
chlorination and ozonation, or biological treatments like activated sludge, membrane
reactor, which are widely used for water remediation.2,3 More recently, the degradation
of ECs adopting the advanced oxidation processes (AOPs), based on the production of
highly reactive oxidizing species for degradation have attracted lots of interest.
However, most of the studies have been emphasized on the study of compounds like
pharmaceuticals and personal-care products, while for other least studied compounds
like the artificial sweeteners, have received comparably little attention regarding their
fate in the water system. In some cases, they are even used as anthropogenic
contamination markers in the water environment. Recent studies on acesulfame (ACE)
have attracted much attention. It was found to be transformed into a suite of TPs, with
an alarming result of significant toxicity enhancement compared to the parent
compound. 6–9
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1.1.2.

Artificial sweeteners as Emerging Contaminants
Artificial sweeteners (ASWs) are one of the most widely used food additives as

sugar substitutes in our food and soft drinks. Different ASWs have been used in food
and drinks production, like sucralose, acesulfame, aspartame, cyclamate, saccharin, as
they are deemed to be safe for consumption and metabolically inert to the human
metabolic system. Unfortunately, due to their high stability, in which they are mainly
excreted through urine after the consumption of products and survive under wastewater
treatment process and enter the aquatic environment.10 ASWs like sucralose and ACE
are usually found above 1 µg/L in surface waters, which is of much higher residual
concentration compared with other types of ECs. For instance, ACE was being found
in water compartments in different countries, and different kinds of water matrices.6,11–
18

With the high detection rate and ubiquitous occurrence, sucralose and ACE were

even used as tracers for anthropogenic contamination to the environment water due to
its outstanding stability.
Though deemed to be safe, with low bioaccumulation potential and
acute/chronic toxicity, scientists have observed that ASWs could influence aquatic
organisms in sub-lethal manner. For example, the swimming behaviour of Daphnia
magna was observed to be affected.19 More recently, it is reported that ACE can induce
oxidative stress in gill, brain and muscle of Cyprinus carpio.20 This implies the ASWs
are actually not as safe as we originally thought, and further assessment on the longterm ecological impact of ASWs towards the environment and the ecosystem is
urgently needed.
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To probe for the fate of ASWs in the aquatic environment, previous studies
were done either to i) simulate the natural attenuation in the environment, or ii) the
degradation by different kinds of water treatment techniques. Among the ASWs,
sucralose and acesulfame are two ASWs that have been more intensively studied. The
degradation of sucralose has been studied with the use of different treatment methods,
including ferrate (VI),21 photo-Fenton,22 TiO2-based photocatalysis,22 UV/H2O2,23
O3,24 peroxone (O3/H2O2),25 UV/peroxymonosulfate (UV/PMS)26 and UV/O327. The
degradation of sucralose by UV photocatalytic treatment was observed to have increase
in acute toxicity by 17.1 times as measured using Microtox bioassay;5,6 and the
UV/PMS treatment also increases the D. magna immobilization rate,26 suggesting that
there is formation of toxic intermediates/products. For ACE, there are also various
degradation/transformation studies adopting different treatments. ACE has been the
subject for degradation in more traditional or conventional treatments like
biodegradation,28 ozonation,29 chlorination,9 photolysis6,30 and permanganate
oxidation;31 and also more advanced oxidation treatments like photocatalytic
oxidation,6,7 ferrate (VI) oxidation32 and photo-Fenton treatment33 . While
photocatalytic treatment could remove ACE, a significant increase of about 600 times
toxicity was observed.6 Later studies using zebrafish embryo also indicated
developmental hinderance upon exposure to ACE UV-TiO2 TPs and ACE solution
treated with UV photolysis induce oxidative stress in the liver of Carassius auratus.7,8
It is also found that ACE could act as a precursor for different DBPs,27 both the
regulated and the unregulated ones, which are of higher toxicity than ACE itself. These
DBPs have proven mutagenicity, cytotoxicity, genotoxicity and developmental
toxicity.9,34 All these findings indicate that the present knowledge is limited, and the
4

actual impact of the artificial sweeteners to the ecosystem and human could be largely
underestimated. As the situation stands, there is an urgent need to develop new water
treatment technologies for the effective and safe removal of the emerging contaminants.

1.2.

Advanced Oxidation Processes (AOPs)

1.2.1.

Introduction and two-steps mechanism of AOPs
Advanced Oxidation processes are chemical treatments that degraded organic

pollutants with reactive species like hydroxyl radicals (•OH). In 1987, Glaze et al. has
given a definition of AOP, as “near ambient temperature and pressure water treatment
processes which involve the generation of hydroxyl radicals in sufficient quantity to
effect water purification”.35,36 While at the beginning, only •OH-approaches are
considered as AOPs, nowadays AOPs is a more diverse family which involves different
kinds of reactive species other than •OH (e.g. sulfate radical (SO4•-), reactive chlorine
species (Cl•, ClO•, Cl2•-). AOPs is a family of technologies with aim to produce reactive
species for the degradation of organic pollutants. The way of producing reactive species,
oxidizing the organic pollutants degradation, however, are different. Generally
speaking, all the AOPs involve two steps for the destruction of organic compounds.37
Firstly, the in-situ formation of reactive oxidative species: depending on the technology
adopted, and the oxidant choice, different reactive species could be produced. For
example, the mixing of ferrous ion and hydrogen peroxide (H2O2) proposed by Fenton
in 1894,38 lead to the degradation of organic compounds, was named as the “Fenton
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process”. The Fenton process generally relies on the production of •OH for degradation,
which was proposed later by Haber and Weiss (1934).39 According to Miklos et al.
(2018), AOPs can be categorized, but not limited to five groups, i) ozone-based AOPs
(using ozone to initiate the production of reactive species), ii) UV-based AOPs (by
combination of UV light with different oxidants [H2O2, persulfate (PS, S2O82-),
peroxymonosufate (HSO5-), free chlorine (HOCl), O3, chloramine (NH2Cl)], iii)
electrochemical AOPs (involve the use of electrodes to facilitate the production of
radical species), iv) Catalytic AOPs (cAOPs) (e.g. with the use of catalyst like ferrous
ion in Fenton process, or TiO2-based photocatalysis) and v) Physical AOPs which
involve the use of high energy input like microwave, ultrasound and ionizing radiation
etc.37 AOPs can also be a hybrid between the above mentioned categories (e.g. photoFenton process involving the combination of UV light & Fe(II)/H2O2 and
photocatalytic oxidation can involve direct photolysis of the target contaminant).
After the first step of generating reactive species, the second step is the reaction
of these reactive species with the target organic pollutants. For highly reactive radical
species like •OH, it will unselectively breakdown the organic contaminants or ECs, and
convert them to more biodegradable compounds, ultimately achieve mineralization and
generate carbon dioxide, water, nitrogen and other inorganic minerals. As proposed by
Gligorovski et al. (2015), •OH generally reacts with i) one-electron abstraction, ii)
hydrogen atom (H-abstraction) and (iii) addition to olefin/aromatic structures.40 While
for other reactive species, like the sulfate radical, which is more selective than the
hydroxyl radical, SO4•- will generally prefers to undergo electron transfer than •OH.
The selectivity of the reactive species can be determined by considering the redox
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potential of each of the reactive species.36 The more non-selective the reactive species
is, the broader the range of organic contaminants it can degrade/react. On the other
hand, a more selective species may only target for specific functional moieties in
organic compounds and can only achieve partial degradation of the chemicals. Through
degradation, pollutants will be broken down into more biodegradable chemical
compounds, with a change of polarity and functional moieties. These changes would
also affect the original functionality towards the organisms, potentially leading to either
an increase/decrease of toxicity of the final chemical mixtures produced.

1.2.1.1. Catalytic Advanced Oxidation Processes
As the name implies, catalytic advanced oxidation processes are AOPs
techniques which involve the use of a catalyst, to produce oxidizing reactive species.
cAOPs could be generally separated into homogeneous/heterogeneous types,
depending on the solubility of catalyst.
For homogeneous cAOPs, with the use of a homogeneous catalyst, all the
reactions take place in the aqueous phase. The most classical example of homogeneous
cAOPs is the traditional dark Fenton process, in which the ferrous ion is used as the
catalyst to activate H2O2, producing •OH. The Fe(II) is oxidized to Fe(III) during the
process but reduced back to Fe(II) during subsequent reaction. The cycle repeats and
react with H2O2 to generate more •OH. Equation 1.1-1.9 shows the general scheme of
the generation of •OH and degradation reactions, with RH represents organic
contaminant and R• represents the organic contaminant reacted with •OH through H-
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abstraction as an example. As discussed in Section 1.2.1, there could be other reactions
(one-electron abstraction, and addition to olefin/aromatic structures) possible with the
use of •OH, which also depends on the structure of the organic contaminants.36
Fe(II) + H2O2 → Fe(III) + •OH + OHFe(II) + •OH → Fe(III) + OH•

OH + H2O2 → HO2• + H2O
HO2• ⇌ H+ + O2•-

Fe(III) + O2•- → Fe(II) + O2
Fe(II) + HO2•/O2•- → Fe(III) + H2O2
Fe(III) + H2O2 → Fe(II) + HO2• + H+

(1.1)
(1.2)
(1.3)
(1.4)
(1.5)
(1.6)
(1.7)

Fe(II) + O2 → Fe(III) + O2•-

(1.8)

RH + •OH → R• + H2O

(1.9)

The contaminant will be degraded and transformed by the produced •OH during
the Fenton reaction sequence. The high efficiency, easy implementation and operation
and low cost of the Fenton process has led it to be one of the most popular AOPs
treatments and well-established for some industrial full-scale applications.41 However,
there are a few limitations for the Fenton system. Particularly, to ensure the Fe(III)aq
remains in the reaction mixture but not precipitated out, the pH of the reaction mixture
should be tuned to acidic, optimally to be in the range of pH 2.5-3.0 to allow the optimal
degradation efficiency, without formation of ferric sludge as waste and loss of iron
species which consequently lead to the loss of degradation capacity.42 While this pre8

acidification can stabilize the iron species, there is a need of subsequent neutralization
of the reaction mixture before eluting the treated effluent to the environment, leading
to a significant increase in the operation cost, and would alter the salinity of the treated
effluent. Moreover, the reduction of Fe(III) to Fe(II) (0.001 – 0.01 M-1s-1) is
comparatively slower compared to the oxidation of Fe(II) to Fe(III) (76 M-1s-1).43 This
hindered the longevity of the process since the reduction of Fe(III) could not keep up
the pace with the oxidation process of the Fe(II)/Fe(III) redox cycle, and all Fe(II)
would eventually turn to Fe(III). While addition of more ferrous ion can increase the
generation of •OH through equation (1.1), too much Fe(II) would also lead to the
scavenging of •OH [equation (1.2)], similar as excess H2O2 that lead to the production
of HO2•/O2•- [equation (1.3)], which are less reactive than •OH, but may take part in the
reduction of Fe(III) [equation (1.5)].2,36 The scavenging of generated •OH by Fe(II) or
H2O2 is detrimental for the degradation process, since consumption of •OH means the
loss of degradation efficiency, leading to incomplete degradation and formation of
transformation products.
Different methods have been investigated to get through the “bottleneck” of the
Fenton process. These can be generally divided into three paths.43 Firstly, the use of an
energy source (e.g. radiation) to increase and accelerate the generation of •OH. PhotoFenton process is the combination of UV light (or solar light) with the Fenton process.
The homogeneous photo-Fenton process enable the photochemical pathway for Fe(III)
to return to Fe(II), with the simultaneous production of an equal molar of hydroxyl
radical [equation (1.10)].
Fe(III) + H2O + hv → Fe(II) + •OH + H+
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(1.10)

Photo-Fenton process has been shown to degrade a wide range of
micropollutants effectively (endocrine disrupting compounds, β-blockers, antibiotics
etc.).2 Yet, the optimal pH does not change for the photo-Fenton process, and it is still
required to acidify the reaction mixture to prevent the precipitation of ferric ions.
Secondly, to minimize the influence due to the precipitation of ferric ions and formation
of Fe(III) sludge, one may choose to adopt heterogeneous Fenton catalyst. This will
help to expand the operation pH to a wider pH range, closer to neutral pH.44 For
heterogenous Fenton process, the catalyst can either be i) in a slurry form, or ii)
adsorbed on supporting material. Thirdly, to compensate for the shortcomings in the
Fe(II)/Fe(III) redox cycle and pH limitation, addition of other materials or chemicals
can also be adopted. For example, iron chelators like citrate, (S,S)-ethylenediamineN,N’-disuccinic acid trisodium salt (EDDS) are ligands that known to stabilize the
metal ion and improving the degradation efficiency at circumneutral pH.45 Other
chemicals, like cysteine (Cys), hydroxylamine (HA) and mercaptoacetic acid (MAA),
can accelerate the Fe(II)/Fe(III) redox cycle,42,43,46 and in some cases expand the
operation pH range of the system by stabilizing the iron in solution at near neutral pH.45
All the above techniques might help to improve the degradation ability of the Fenton
system, and pushing the efficiency of the Fenton system beyond the limit and more
applicable in real life situation.
While Fenton process is a typical example of homogeneous cAOPs, the TiO2based photocatalytic oxidation treatment will probably be the most representative
example of heterogenous cAOPs. In the heterogeneous photocatalysis, the
semiconductor materials (e.g. TiO2) absorbs photon energy of a specific wavelength
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(e.g. UV light) to increase the rate of a chemical reaction;36,47–49 which is determined
by several properties of the semiconductor materials, including the band gap and the
electronic structure.50 When the radiation of the suitable wavelength shines on the
semiconductor material, the photon energy promotes electrons from the valence band
to the conduction band, producing the electron vacancies (denoted as hVB+) and the eCB-,
which may subsequent take part in the production of reactive species like •OH,
superoxide anion radical (O2•-) (Figure 1.1). Specially for the photocatalysis here,
where both oxidation and reduction mechanisms are involved, other AOPs may only
base on •OH oxidations: Simplified illustration of the reactions involved for generating
reactive species are as follow (1.11-1.13).51–53
TiO2 + hv → eCB - + h+VB
h+VB + OH-ad → •OHad
h+VB + 2 H2O → H3O+ + •OHfree

(1.11)
(1.12)
(1.13)

(CB: conduction band, VB: valence band, •OHad: •OH adsorbed on catalyst
surface, •OHfree: •OH in the bulk reaction media)
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Figure 1.1 Photocatalytic oxidation reaction mechanism of TiO2 with target pollutant
(denoted as P).51

Photocatalysis is generally adopted as an AOPs to overcome the demerits of
classical photolysis, which has a much slower degradation rate when compared with
photocatalytic oxidative treatment.2 Being photochemically stable, the semiconductor
material increases the degradation rate through the production of reactive species, and
remains unaltered.2,37 It can also work in a wider pH range and have already shown to
be effective in degrading different kinds of organic contaminants.2,51,52,54 For titania
materials, they are also of a low operating cost and easily available in the commercial
market.37,51
For the effective activation and optimal performance of the heterogenous
photocatalysis, the choice of wavelength of irradiation is of crucial importance. Taking
titania as an example, P25-TiO2 is the most commonly applied catalyst used in water
treatment research. Its most effective absorption range is < 380 nm, which is within the
UV region. However, the UV radiation only contributes a small part of the sunlight
12

spectrum, therefore, in order to maximize the performance of P25-TiO2, the installation
of artificial UV lamps is required. Loss of degradation efficiency maybe encountered
due to insufficient energy supplied by the sunlight irradiation. Yet, this will increase
the operation and maintenance costs due to the high energy usage of artificial UV lamps.
Photocatalyst loading is another factor that may influence the performance of the
treatment, upon reaching the saturation level of the amount of photocatalyst used, the
high turbidity of the reaction media will significantly reduce the light photo absorption
efficiency due to a light screening effect.51,52 This light screening effect is particularly
significant when the catalyst is applied in a slurry form than attached on supporting
materials.
To improve the degradation efficiency of the heterogenous photocatalytic
treatment, research has been focused on the doping of the semiconductor materials with
both metal and non-metal species.36 The doping of metal & non-metal species can
improve the photocatalytic activity and feasibility of the TiO2 catalysts. By obtaining
a desirable narrowed band gap, this increases the charge separation, and reduces the
change of recombination of the promoted election in the conduction band and the
valence hole in the valence band.51,55 This allows the shifting of the applicable radiation
spectrum from UV to the visible light region, effectively improve the applicability of
the heterogeneous photocatalysis process in water treatment.
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1.2.2.

Application of AOPs
The application of AOPs on the degradation of different kinds of ECs and

persistent organic pollutants have been extensively studied and shown promising
results in most cases.2 Extent of degradation depends on the chemical properties of
individual compounds (e.g. chemical structure, functional moieties). Degradation of
AOPs will break down the target compound into more biodegradable products:
Through the oxidative treatment, there might be a change in the physical/chemical
properties of the compound, leading to a change in toxicity towards the aquatic
organisms.
Yet, there could be a huge deviation between the performance of AOPs in
laboratory simulation and real application conditions. The presence of radical
scavengers such as carbonate, chloride and other inorganic ions in actual water matrices,
might significantly affect the oxidative treatment provided by AOPs,56 altering the
degradation efficiency. One may have to increase the amount of reagents used to
compensate for the loss of oxidation power, which may potentially increase the
operation cost and post-treatment waste after the treatment.
Moreover, the loss of oxidation capacity also means incomplete degradation
and mineralization of pollutants, which may lead to the production of undesirable
transformation products of unknown physical and chemical properties, potentially
increasing the hazard to the environment. Wang et al. (2018) have pointed out that toxic
TPs (no matter more toxic/less toxic than parent compound), were usually generated
during UV-AOPs, which the generated amount of toxic TPs is determined by the
removal efficiency of the parent compound.57 According to Von Gunten (2018), the
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formation of transformation products could be generally categorized to three cases: i)
loss of primary biological activity caused by parent compound; ii) TPs are known and
regulated compounds which are of higher toxicity than the parent compound and iii)
formation of toxic/bioactive compounds from parent compounds which are of low
biological activity.58 Moreover, depending on the reactive species applied for
degradation (e.g. •OH, SO4•-, Cl•, Cl2•-, 1O2, O2•-), different transformation mechanism
could undergo, resulting in different transformation pathways taken.59–61 Even with
same major reactive species (e.g. photo-Fenton and heterogeneous photocatalytic
treatment), different transformation pathway could also dominant, leading to the
formation of different transformation products.22 Therefore, it is important for
degradation research to not only evaluate the removal of the parent compound, but also
to elucidate the potential transformation products that would be formed during the
treatment

process and to evaluate toxicity changes. These three parameters are

important to determine the viability of a treatment technique for satisfactory removal
of contaminants.
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1.3.

Aim of thesis work

The ubiquitous occurrence of emerging contaminants has led to growing
concerns to their ambiguous fate and effect to the water environment and aquatic
organisms. To evaluate the impact of advanced oxidation process on the transformation
and post-treatment change in toxicity, numerous research have been done in the past.
In this thesis work, acesulfame (ACE) was chosen as the model compound due to its
ubiquitous occurrence in different water matrices worldwide.6,11–18 Though deemed to
be safe and metabolically inert in human metabolism, ACE was found to transform into
toxic transformation products under various treatments.6,9

In response to the

unresolved issues stipulated, in Chapter 2, the use of photo-Fenton process for the
transformation of ACE was studied. The objective is to evaluate whether photo-Fenton
process could be the optimal technique for the removal of ACE residue, and potentially
its TPs. Through this study, the transformation profile of ACE by the Fenton system
was revealed, with the reaction mechanisms involved in the transformation, and the
assessment of toxicity elicited by the TPs produced.
Based on the knowledge obtained in Chapter 2, further study based on the use
of cAOPs was conducted in Chapter 3. In Chapter 2 the use of photo-Fenton process
(a homogeneous cAOPs) was evaluated. In Chapter 3 the heterogeneous
photocatalytic oxidation was applied with a newly synthesized C,N-co-doped TiO2based semiconductor materials.62 Moreover, in this chapter, the use of simulated
sunlight (SS) to activate photocatalyst for the degradation of ACE was further studied.
To elucidate the reactive species that take part in the degradation and transformation
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of ACE, various scavengers were applied to specifically determine the ACE
transformation profile produced by different reactive species. This approach has
revealed the relationship between the reactive species participated and the TPs
formed,53 which may pave the way on future design on photocatalyst.
In Chapters 2 and 3, UV and visible irradiation have been used for acceleration
and increasing the transformation rate of ACE and its transformation products. in
Chapter 4, a different approach was adopted to improve the degradation capability. It
was done by introducing redox mediators to the system, using the homogeneous Fenton
system as an example, aiming to expand the operational pH range to neutral pH. In
latter part of the study, a novel Fenton-like system (Cu(II)/PS/MSA) was developed,
with a significant enhancement in transformation power in neutral pH. The
Cu(II)/PS/MSA system was evaluated for the degradation of a few different ECs and
persistent organic pollutants. To assess its degradation performance on different
organic contaminants, the influence of different components of the developed Fentonlike system were also systematically evaluated using various reactive species
scavengers.
The main goal of this thesis work is to evaluate different approaches that could
potentially enhance the performance of catalytic advanced oxidation processes in
different scenarios and aspects. In doing so, through this thesis work it is hoped to shed
lights on the future development of catalytic advanced oxidation process for better and
safe removal of contaminants.
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Chapter 2 Photo-Fenton treatment of acesulfame and ACE-TPs removal

2.1.

Introduction

As one of the most representative homogeneous AOPs, Fenton process is renowned for its
high catalytic efficiency and ease for implementation to degrade micropollutants. The classical
Fenton process involves the use of ferrous ion and hydrogen peroxide as the Fenton’s reagent.1
The reaction of Fe(II) and H2O2 would generate •OH (equation 1), which is the major reactive
species in the process for degradation of contaminants. Then, the produced Fe(III) is reduced back
to Fe(II) (equation 2), in this way, the iron species functions as a catalyst and is continuously
recycled.2–4 The effective production of •OH, high degradation efficiency, economic attractiveness
and ease of implementation have made the Fenton process attractive and promising for water
purification.5
Fe2+ + H2O2 → Fe3+ + •OH + OH-

(1)

Fe3+ + H2O2 → Fe2+ + HO2• + H+

(2)

However, the traditional Fenton system do suffer from a few limitations which hinder its
practical use in water treatment. To prevent the precipitation of the iron species, the Fenton process
requires an acidic environment, with the optimal pH at around pH 3.6 This is to minimize the
generation of Fe(III) precipitate during the generation of •OH (equation 1) by the Fenton’s reagent.
7,8

However, this preceding acidification, along with the post-treatment neutralization of the treated

water will increase the operation cost and may potentially lead to a huge change in salinity of the
treated water. Though at the beginning the rapid consumption of Fe(II) leads to efficient production
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of •OH for contaminant degradation, the slow regeneration from Fe(III) limits the longevity of the
treatment.3 The Fenton reaction lasts until all the Fe(II) is used up; thus, the reduction of Fe(III) is
the rate determining step, and it is much slower than the consumption. Moreover, high initial
[Fe(II)] could potentially lead to scavenging of the produced •OH (equation 3), decreasing the
degradation efficiency and undesirably increasing the formation of Fe(III) sludge.6 Likewise, high
[H2O2] may also induce scavenging of •OH, producing the hydroperoxyl radical (HO2•, E° = 1.65
V) (equation 4), which is less reactive than •OH (E° = 2.80 V), resulting in compromised
degradation efficiency.
Fe2+ + •OH → Fe3+ + OH-

(3)

H2O2 + •OH → HO2• + H2O

(4)

As a modified Fenton reaction technique, the photo-Fenton system seizes the use of
ultraviolet light/sunlight to accelerate the Fenton reactions, and increase the generation of •OH,
leading to higher degradation efficiencies of contaminants. With the aid of the light irradiation, the
reduction of ferric ion to ferrous ion is now supported by another photo-chemical reduction
pathway which the Fe(III) ions act as the light-absorbing species, with an equal molar of •OH
formed consequently along the reduction of the ferric ion (equation 5). 6,8,9 In this sense, the
oxidative capacity of the photo-Fenton systems would be higher than that of the traditional Fenton
system without the assistance of light due to the increased •OH yield.4,7 The photo-Fenton process
has been proven in different degradation studies to be very effective for the removal of multiple
contaminants (including different pharmaceuticals and beta-blockers), achieving high degradation
efficiency and possibly detoxification. 4,9–11
Fe3+ + H2O + hv → Fe2+ + •OH + H+
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(5)

Considering the above obstacles and constraints, this study mainly focused on the
investigation of using photo-Fenton process to study the degradation and transformation chemistry
of acesulfame (ACE). ACE has been found ubiquitously in different kinds of water matrices
around the world.12–20 While photo-Fenton process is renowned as an effective degradation
technique, to date, only one study has reported on the removal of ACE by the photo-Fenton
technique. 21 The degradation of ACE in different water matrices like ultrapure water, ground water
and secondary effluent, together with the effect of Fe(II), [oxidant] and pH on the degradation had
been evaluated.21 Nevertheless, the lack of information on the transformation products formation
and potential toxicity change under Fenton-based treatments is still largely scarce. Herein, the
effect of different operation parameters and water matrix on the ACE photo-Fenton treatment were
evaluated. Then, the transformation products produced by different Fenton-based techniques were
identified and structurally elucidated. Furthermore, the change in toxicity for pre- and posttreatment were also assessed. With all of the above results, a comparison with previous studies
would aid the determination on whether photo-Fenton process is the optimal technique for the
removal of ACE residue in the wastewater and the environment.
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2.2.

Results and Discussion

2.2.1.

Optimization of the photo-Fenton system

2.2.1.1. Effect of [Fe(II)]ini
To allow efficient and effective degradation of micropollutants, several parameters were
optimized. In below, the [Fe(II)]ini, [H2O2]ini and light intensity were assessed to determine the
optimal conditions for each component.
Taking the role of the catalyst for activation of H2O2, the Fe(II) ions concentration would
directly affect the yield of hydroxyl radicals (•OH). Figure 2.1 shows the degradation profile of
ACE with different [Fe(II)]ini. When Fe(II) was not added, limited degradation of ACE was
observed (<10%). This low percentage of ACE removal could be contributed by the low activation
of H2O2, due to the UV-A irradiation from the irradiation chamber. 2
Introduction of ferrous ion has led to a significant acceleration of the degradation process.
ACE was completely degraded after 20 mins of treatment with 12.5 µM of Fe(II). Further increase
of the [Fe(II)]ini (25 µM and 250 µM) has led to further acceleration of the process, with the
removal completed within 6 and 2 mins respectively. The same impact of [Fe(II)]ini has also been
reported in other studies and does not limited to the form of iron species (i.e. Fe(II) or Fe(III)). 22–
25

Increasing the [Fe(II)]ini enabled more H2O2 to be activated through the Fenton reaction, and

subsequently producing more •OH, ultimately accelerated the degradation of ACE.
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Figure 2.1 Effect of Fe(II) dosage in the UV-A/Fe(II)/H2O2 system. (Conditions: [ACE]ini = 25
μM, [Fe(II)]ini = 25 μM, [H2O2]ini = 250 μM, pH = 3 unless specified, n=2).

2.2.1.2. Effect of [H2O2]ini
The Fe(II) and H2O2 are supposed to be in a stoichiometric relationship in the Fenton
process [equation (2.1)]. However, using the stoichiometric amount of H2O2 in most cases would
be insufficient to achieve complete removal of pollutants.2 Figure 2.2 shows the effect of [H2O2]ini
to the degradation of ACE. When no H2O2 is added to the reaction mixture (i.e. only Fe(II) and
ACE), the interaction of UV-A irradiation and Fe(II) led to insignificant degradation from 0 to 10
min, but then the degradation of ACE was completed after 20 min of treatment. The observed
result could be due to the iron species mediating the indirect photochemical reaction,26 which lead
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to the degradation of the pollutants. By introducing H2O2 into the system, a significant acceleration
of ACE degradation was observed, resulting in a complete degradation in 10 mins by the addition
of 25 µM H2O2. The continuous increase of [H2O2] has allowed the degradation to become even
faster, that is, completely degraded ACE within 6 mins for both 250 µM and 500 µM H2O2. If we
compare the increase in degradation efficiency of [H2O2]ini and [Fe(II)]ini, changing the [H2O2]ini
seems to be less effective than that of [Fe(II)]ini. Considering the role of Fe(II) and H2O2 in the
Fenton reaction, we may possibly to conclude the reaction is more dependent on Fe(II), with Fe(II)
acting as the catalyst to activate H2O2. The higher the initial ferrous ion concentration, the
more •OH could be generated; while the increase in [H2O2]ini ensure the reduction of Fe(III), thus
allowing a continuous generation of •OH until all H2O2 are consumed.

Figure 2.2 Effect of H2O2 dosage in the UV-A/Fe(II)/H2O2 system (Conditions: [ACE]ini = 25 μM,
[Fe(II)]ini = 25 μM, [H2O2]ini = 250 μM, pH = 3 unless specified, n=2).
29

2.2.1.3. Effect of light intensity
During the photo-Fenton process, the introduction of light radiation allows the reduction
of ferric ion through the photochemical pathway, in which the Fe(III) reduced to Fe(II) for further
activation of remaining H2O2 and simultaneously generate •OH. Therefore, it is possible that the
light intensity may influence the degradation of micropollutants to a certain extent. Figure 2.3
presents the effect of different light intensity for the ACE degradation by photo-Fenton process.
The increase in light intensity has obvious impact in accelerating the degradation process. While
at 750 µW/cm2 there is still 23.5% ACE remaining at 10 mins, doubling the light intensity to 1500
µW/cm2 has substantially increased the degradation efficiency, with only 8% of ACE remaining
at 10 mins. Further increasing the light intensity to 3000 and 6000 µW/cm2 allow even faster
degradation to occur, with complete degradation achieved at 8 and 6 mins. This shows that the
increase of light intensity can lead to more effective degradation of pollutants. This is due to the
increased •OH by both accelerated reduction of Fe(III), together with the •OH produced along the
photochemical reduction process.2
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Figure 2.3 Effect of light intensity in the UV-A/Fe(II)/H2O2 system. (Conditions: [ACE]ini = 25
μM, [Fe(II)]ini = 25 μM, [H2O2]ini = 250 μM, pH = 3 unless specified, n=2).

2.2.1.4. Performance in wastewater matrix
Since there could be great deviations among laboratory experimental findings using
ultrapure water and actual/environmental water samples (e.g. surface water, tap water, wastewater),
21,27,28

it is important for us to assess a treatment performance in degrading contaminants from an

actual water matrix. In this sense, the degradation of ACE was done by spiking ACE into the
wastewater matrix obtained from the Sha Tin Sewage Treatment Works of Hong Kong. The molar
ratio of Fe(II) to H2O2 at 1:10 was applied for the photo-Fenton treatment. The result is presented
in Figure 2.4.
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Figure 2.4 Degradation of ACE in wastewater samples by UV-A photo-Fenton system.
(Conditions: [ACE]ini = 25 µM, [H2O2]ini = 250 µM, pH = 3 unless specified, n=2; UW: ultrapure
water, WW: wastewater).

Comparing with the performance in ultrapure water (UW), an obvious decline was
observed for the degradation of ACE in wastewater samples (WW) (Figure 2.4), with only 20%
ACE removed after 20 mins (complete ACE degradation was achieved in 6 mins for ultrapure
water). According to previous studies, loss of reactivity was also observed for Fenton-based
techniques when applied in real water matrices for the degradation of micropollutants. 10,21 In real
water matrices, there are co-existing substances (CES), like the natural organic matter (NOM),
organic acids and different kinds of inorganic ions.29 All these CES could potentially act as
scavenger to the •OH, leading to the suppression of the Fenton degradation. For the inorganic ions,
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they can also target the iron species and form metal complex, limiting the vacancies for H2O2 to
bind with the iron, thus restricting the Fenton reaction to occur. The above-mentioned factors could
all potentially lead to suppression in degradation efficiency. As a measure to offset the loss in ACE
removal, a higher [Fe(II)]ini (10x initial concentration) was adopted. The higher concentration of
Fe(II) ensured a much more effective ACE degradation, with ≥ 95% removal at 20 mins.
Nevertheless, this effective removal will come with the consequence of increased formation of
Fe(III) sludge.7 Therefore, for practical application, the amount of Fe(II) to be introduced for the
Fenton-based treatment should be carefully considered and applied, in order to maximize the
removal of micropollutants and counterbalance the production of post-treatment waste.

2.2.2.

Identification and toxicity evaluation of ACE TPs

2.2.2.1. TPs identification and structural elucidation
In chemical oxidation, micropollutants are usually transformed/broken down into different
transformation products. For ACE, which have already been studied in treatments like chlorination,
ozonation, permanganate oxidation, photodegradation and photocatalysis, its TPs formation in
these treatments have already been identified.18,27,28,30–32 Although the photo-Fenton treatment of
ACE has already been studied in the literature,21 the TPs formation under photo-Fenton treatment
is yet to be revealed. In here, the transformation of ACE by the Fenton systems is elucidated, which
is crucial for understanding the fate of ACE in this treatment, and whether there is a potential
relationship with any change in toxicity after treatment. To facilitate the screening process of
transformation products produced and allow for easier structural elucidation using the UHPLC-
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QTOF-MS, a initial concentration of 100 µM ACE was adopted, with the MassHunter software
used for data analysis.
Table 2.1 presents the TPs identified in different Fenton-based treatments (i.e. dark Fenton,
UV-A photo-Fenton, UV-C photo-Fenton, SS photo-Fenton process). Comparing with those
known to be formed by •OH-involved oxidative treatments, 30–32 12 out of 16 TPs were identified
to be produced when Fenton treatments were applied. Deviation among •OH-involved oxidative
treatments of their transformation pathway have also been previously reported, on the degradation
of sucralose (another artificial sweetener) and 5-fluorouracil (medication).11,22 Indeed, different
transformation pathway may dominant when applying different oxidation techniques, which is due
to the variation of •OH yields among treatments.
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Table 2.1 A summary of transformation products identified in different photo-Fenton systems.
No.

Chemical
Formula
[M-H]H2NO3S
C3H6NO3S
C3H5O4S
C2H2NO5S
C2H4NO5S
C2H2NO6S
C3H6NO5S
C2H4NO6S
C4H6NO5S
C3H4NO6S
C3H6NO6S
C4H4N2O5S
C4H4NO6S
C4H6NO6S
C4H6NO7S
C4H4NO8S
C4H8NO6S2
C4H8NO8S

Exact
mass
m/z
95.9761
136.0074
136.9914
151.9659
153.9816
167.9608
167.9972
169.9765
179.9972
181.9765
183.9921
192.9925
193.9765
195.9921
211.9870
225.9663
229.9799
229.9976

Fe(II)/H2O2

UV-C
/Fe(II)/H2O2

UV-A
SS/Fe(II)/H2O2
/Fe(II)/H2O2

1
✓
✓
✓
2
n.d.
n.d.
✓
3
n.d.
n.d.
n.d.
4
✓
✓
✓
5
✓
✓
✓
6
✓
✓
✓
7
✓
✓
✓
8
✓
✓
✓
9
n.d.
n.d.
✓
*10
✓
✓
✓
*11
✓
✓
✓
12
n.d.
n.d.
n.d.
13
✓
✓
✓
14
✓
✓
✓
15
✓
✓
✓
16
n.d.
n.d.
n.d.
17
n.d.
n.d.
n.d.
18
✓
✓
✓
n.d. = not detected; *= new transformation products; SS= simulated sunlight

✓
n.d.
n.d.
✓
✓
✓
✓
✓
n.d.
✓
✓
n.d.
✓
✓
✓
n.d.
n.d.
✓

Another observation on the TPs formation among different studied Fenton systems is that
there is discrepancy between photo-Fenton treatments with different kinds of light sources applied.
It is observed that UV-C photo-Fenton has led to the production of two additional TPs (TP-136
and TP-180), compared to that of UV-A & SS photo-Fenton treatments. For TP-180, it has been
revealed to be one of the dominant TPs when UV-C photolysis and UV-C/TiO2 treatments were
applied. 31,32 Two probable structures have been proposed for TP-180, which are reported in ACE
transformation under biodegradation.33 As for TP-136, its transformation has been previously
proposed to be related to a structural isomer of TP-180, which undergoes photo-rearrangement to
form TP-136, reported in a study of ACE transformation in water under natural sunlight.34
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Therefore, this potentially indicate that TP-136 and TP-180 may be closely related for their
formation, as TP136 was only observed and identified when TP-180 was formed. Considering the
different kind of processes that may take part under different photo-Fenton systems, direct UV-C
photolysis, UV-C/H2O2 and the photo-Fenton reaction could participate when UV-C photo-Fenton
was applied; while for UV-A & SS photo-Fenton, only the photo-Fenton reaction would contribute
towards the degradation of ACE. Regarding the disappearance of TP-136 and TP-180 under UVA & SS photo-Fenton treatments, this also suggests the wavelength of light radiation also influence
to the transformation pathway during the photo-Fenton treatments. Despite both TPs have been
reported under different light-initiated degradation and transformation pathway, 31,32,34 TP-136 and
TP-180 could only form under UV-C light irradiation.
While screening for transformation products, two unreported TPs (TP-182 and TP-184)
were found, which had not been proposed in any reported literature yet. To construct the tentative
chemical structure of these two TPs, MS/MS fragmentation was conducted, with structural
elucidation performed in accordance with a proposed level systematic scheme when applying high
resolution mass spectrometry techniques.35 The MS/MS fragmentation spectra of TP-182 and TP184 are shown in Figure 2.5. For TP-182, the double bond equivalent (DBE, which shows the
number of unsaturation of an organic molecule) is calculated to be 2. Moreover, with the identified
fragments at 72.0089 [C2H2NO2]-, 95.9759 [H2NO3S]-, 96.9599 [HO4S]-, 102.0195 [C3H4NO3]-,
110.9759 [CH3O4S]- and 121.9551 [CNO4S]-, we proposed here that TP-182 contains ring
structure with a double bond at the amide functional group. The proposed formula of TP-182 is
[C3H4NO6S]- (mass error < 2 ppm). As for TP-184, based on its DBE equal to 1, it could be
possibly a ring structure or with one double bond in an acyclic structure. However, as one of its
fragments obtained at m/z 151.9660 [C2H2NO5S]-, which is previously identified TP-152 having
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an open ring structure,34 this provide clues for us to propose TP-184 with a similar structure, thus
exclude its possibility of being an alicyclic compound. The other fragments of TP-184 include
72.0089 [C2H2NO2]-, 95.9761 [H2NO3S]-, 96.9599 [HO4S]-, 123.9708 [CH2NO4S]-. The tentative
formula for TP-184 is [C3H6NO6S]- (mass error = 1.09 ppm).

Figure 2.5 HR-MS fragmentation routes for TP-182 & TP-184; mass deviations from theoretical
m/z values are indicated in parentheses.
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To summarize the transformation of ACE under photo-Fenton treatment, the overall
transformation of ACE to different TPs by various photo-Fenton treatments is shown in Figure 2.6.
We propose the m/z=165.9816 would be a transitional precursor for TP-182 and 184, together with
the previously identified TP-168b (exact m/z = 167.9972).32 Through hydroxylation, TP-182
would be formed; for TP-182, it would be formed by hydrolysis with subsequent ring-opening
reaction. For most of the transformation pathways, they are identical and independent to which
light irradiation (UV-A, UV-C or SS) was applied for photo-Fenton treatment; only for TP-136
and TP-180, these two are formed solely when UV-C irradiation was used to initiate the UV-C
photo-Fenton process to degrade ACE.
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Figure 2.6 Proposed transformation pathway of ACE by photo-Fenton treatments.
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2.2.2.2. Time profiling of ACE TPs and its toxicity assessment
To track for the relative formation outline of ACE TPs during UV-A & UV-C
photo-Fenton process, their formation time profiles were established. The time
evolution profiles were constructed according to the relative abundance of each
monitored TPs in the form of [(TP abundance)t/ (ACE abundance)0 ]. This presentation
is exclusively for the discussion of the formation trend of the TPs along the treatment
process, and does not represent the TPs’ change in concentration in the reaction mixture.
The plotted time evolution profiles are presented in Figure 2.7a-b. Considering the
ACE degradation, both UV photo-Fenton treatments completely degrade ACE within
10 min. TP-152, TP-170 and TP-184 reached to their relative abundance maxima when
ACE complete degradation was achieved (UV-A photo-Fenton: 6 min; UV-C photoFenton: 10 min). These three TPs were among those that had highest relative abundance,
except TP-96, suggesting that they could be the dominant TPs formed during the UV
photo-Fenton processes. TP-96 was previously confirmed to be sulfamic acid.33 The
relative abundances of TP-152, TP-170 and TP-184 also diminished in a timely manner,
in which they were disappeared after 20 min (UV-A photo-Fenton) and 30 min (UV-C
photo-Fenton), respectively. TP-194 and TP-212 were another two TPs with relatively
higher abundance during the photo-Fenton treatments. The relative abundance of TP194 and TP-212 grew slower along the treatment, but they were more persistent and
present for a longer period until they become non-detectable. TP-182, one of the new
TPs found in Fenton system, was relatively persistent as its relative abundance remain
quite steady after it was formed. Prolonged UV photo-Fenton treatment allowed the
degradation of most of the 14 detected TPs, except TP-96 (sulfamic acid), with its time
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profile is shown as Figure 2.8. The relative abundance of TP-96 continue to grow in
the first 30 min and remained to be high for the next 30 min upon photo-Fenton
treatment.

Figure 2.7 Time profile of ACE transformation products during (a) UV-A photo-Fenton
treatment & (b) UV-C photo-Fenton treatment (Conditions: [ACE]ini = 100 µM,
[Fe(II)]ini = 100 µM, [H2O2]ini = 1000 µM, pH = 3 unless specified, n=2).
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Figure 2.8 Time profile of TP-96 (sulfamic acid) during UV-A photo-Fenton treatment
(Conditions: [ACE]ini = 100 µM, [Fe(II)]ini = 100 µM, [H2O2]ini = 1000 µM, pH = 3
unless specified, n=2).

With the removal of TPs by the UV photo-Fenton process, the chemical oxygen
demand (COD) change was then evaluated (Figure 2.9). The COD values significantly
decreased for both UV-A and UV-C photo-Fenton treatments, thus supporting the
observation that TPs produced are further degraded as the COD value indicates the
amount of oxygen required to oxidize the organics existed in the sample, the lower the
value, the lower amount of oxidizable organics remaining in the sample.
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Figure 2.9 Change of COD during UV-A & UV-C photo-Fenton treatments of ACE
degradation (Conditions: [ACE]ini = 100 µM, [Fe(II)]ini = 100 µM, [H2O2]ini = 1000
µM, pH = 3 unless specified).

Knowing that the UV-based photo-Fenton treatments could remove the ACE
TPs produced during the treatment, we then want to further assess the post-treatment
toxicity change of the reaction mixture. It is previously reported that the treatment of
ACE would induce the increase in toxicity, largely due to the formation of toxic TPs.
18,27,28,32,36

The evaluation of changes in toxicity upon pre- and post-treatment is

important, as in many cases which incomplete mineralization had been reported to
induce higher toxicity.18,32,37 To assess the change in toxicity, the Vibrio fischeri
bioluminescence inhibition assay (VFBIA) was applied. The VFBIA is widely used to
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determine the pre- and post-treatment difference in ecotoxicty. 38,39 The results after
120 min treatment (where ACE and all other TPs are removed, with TP-96 (sulfamic
acid) remaining) are presented in Figure 2.10 in the form of toxicity units (TU, equal
to 100/EC50). The EC50 values are shown in Table 2.2.

Figure 2.10 V. fischeri bioluminescence inhibition assay results of acesulfame before
(0 min) and after (120 min) UV photo-Fenton treatment (n=2) (a) UV-A photo-Fenton,
(b) UV-C photo-Fenton.
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Table 2.2 Calculated EC50 for acute toxicity tests with V. fischeri of UV photo-Fenton
treated ACE samples (n=2).

Sample description
Phenol (Control)
Sulfamic acid (TP-96)
0 min (Initial)
120 min (UV-A/Fe(II)/H2O2)
120 min (UV-C/Fe(II)/H2O2)

Standard solution
(EC50, 15min [mg/L])
21.19 (limit: 13-26 mg/L)
14429.2
-

Freeze-dried sample
(EC50, 15min [mg/L])
6924.99
8047.45
14209.89

For both UV photo-Fenton processes (using UV-A/UV-C irradiation), a slight
decrease in toxicity was observed when compared with the initial time point (0 min).
Sulfamic acid standard was used to test whether it is the origin of toxicity, since it was
observed to be the most dominant and persistent TP from the time profiles. The
determined EC50 value was 14429.2 mg/L for sulfamic acid, which, as defined by the
European Union, is classified as “non-harmful” for those beyond the limit of larger
than 100 mg/L. These results shown that unlike previous studied treatments, a
prolonged UV-assisted photo-Fenton treatment would not lead to toxicity increase.
To further establish the relationship of light irradiation applied for photoFenton treatment of ACE, the effect of light intensity on the degradation and
transformation of the most abundant TPs were monitored, with results presented in
Figure 2.11. General trend of increasing light intensity will increase the degradation
efficiency of the ACE-TPs monitored, which is the same as shown in Figure 2.3, where
an increase of light intensity accelerates ACE degradation. Similar to the time profiles
depicted in Figure 2.7, the relative abundance maxima of TP-152, TP-170 and TP-184
would always occur earlier or at the same time where compete degradation of ACE
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achieved, irrespective of the light intensity applied. However, for TP-182, 194 and TP212, their relative abundance grew slowly and reached the maximum after ACE was
completely removed. Their degradation was likely affected by the light intensity
applied. In other words, the lower the light intensity, the longer treatment time were
required for the removal of TP-182, 194 and TP-212.
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Figure 2.11 Effect of light intensity towards ACE-TPs degradation, (a) 750 µW/cm2,
(b) 1500 µW/cm2, (c) 3000 µW/cm2, (d) 6000 µW/cm2 (Conditions: [ACE]ini = 100
µM, [Fe(II)]ini = 100 µM, [H2O2]ini = 1000 µM, pH = 3 unless specified, n=2).
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From the above obtained results, UV photo-Fenton treatment can be considered
as potentially an effective and efficient technique for removing both ACE and its TPs,
without inducing an increase of toxicity. It is important to ensure detoxification is
achieved since a lot of the treatment studies which focused on ACE have suggested an
increase in toxicity post-treatment.18,27,28 For TPs removal, the completed removal of
the original micropollutant (ACE) seems to be a need, as shown form the time
monitoring profiles. As for the use of UV irradiation, while it had been previously
suggested to be the cause of increase in ecotoxicity during treatment of direct UV
photolysis and photocatalytic oxidation,18,32,36 in here, it was shown that UV photoFenton treatments did not bring to the same ending. In contrast, the difference in the
change in ecotoxicity may be due to the difference in •OH generation efficiency among
different treatment techniques applied. Comparing the literature reported •OH yield of
different AOPs system, Fenton systems were reported to have a yield more hydroxyl
radical than peroxone process (O3/H2O2) (50%), UV/H2O2 (50%) and UV/O3 (10%).40–
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Moreover, in the UV-assisted photo-Fenton system, the generation of •OH would be

boosted due to the photochemical reduction pathway of Fe(III), thus, a higher hydroxyl
radical yield could be expected in the UV/Fe(II)/H2O2 than the traditional Fe(II)/H2O2.
For that reason, the efficiency of generating •OH may be casually related to the
difference in toxicity change reported among treatments, and the decisive factor to the
detoxification of contaminants and TPs is to have a high •OH generation efficiency in
this •OH-mediated degradation process.
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2.3.

Conclusions

In this chapter, the performance of photo-Fenton treatment on the removal of
ACE was evaluated. UV-assisted photo-Fenton process was effective for the
degradation of ACE, with the effect of different operation parameters ([Fe(II)]ini,
[H2O2]ini and light intensity) evaluated and optimized to provide information on
maximizing the performance of the photo-Fenton systems. Through study of the
transformation of ACE, the photo-Fenton treatments were observed to transform ACE
into a suite of transformation products, depending on the choice of light radiation which
alters the transformation pathway. Considering all the Fenton systems studied, 14 TPs
were formed, with two firstly reported TPs (TP-182 and TP-184) reported, and 2 TPs
(TP-136 and TP-180) formed under UV-C irradiation assisted photo-Fenton system.
The UV-assisted photo-Fenton treated samples showed a reduced inhibition of
V. fischeri bioluminescence, demonstrating that the Fenton-based treatment does not
lead to an increase in toxicity during ACE degradation. The different response of
treatment-induced toxicity of ACE could be related to the •OH generation efficiency,
which could be the key to the complete degradation of TPs and subsequent
detoxification.
To summarize, UV-assisted photo-Fenton treatment is an effective means for
the degradation of both ACE & its TPs, without inducing an increase in toxicity
compared to other reported treatments. However, whenever one wants to apply the
photo-Fenton treatment in actual water matrix (e.g. wastewater), a balance between
contaminants removal and the increase in post-treatment cost should always be
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considered and balanced. Moreover, ways to improve the performance in actual water
matrix and in circumneutral to neutral pH range should be investigated, which could
allow the photo-Fenton treatment to be more practical and applicable. In another
viewpoint, further study should also focus on the use of visible light for AOPs, which
could largely help to reduce the expenditures due to high energy output for UV lamps,
ozone generation system etc.
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Chapter 3 – Photocatalytic oxidation of acesulfame using carbon and
nitrogen co-doped TiO2 photocatalyst

3.1.

Introduction

Among various advanced oxidation processes, heterogeneous photocatalytic
process has been shown to degrade a wide range of pollutants effectively. 1,2 Several
features of the heterogeneous photocatalytic treatment have made it particularly
attractive, including i) operation at ambient temperature and pressure, ii) complete
mineralization of contaminants and byproducts without secondary pollution and iii)
low operation cost.3 In a simplified manner, the heterogeneous photocatalytic process
is initiated by the absorption of photon, with energy greater than or equal to the bandgap
of the photocatalyst. The photon energy is transferred to an electron in the valence band
(VB), and excited to the conduction band (CB). This generated electron-hole pair will
then react with water and solubilized oxygen molecules to generate oxy-radical reactive
species (e.g. superoxide anion radical (O2•-) and hydroxyl radical (•OH)) for oxidative
degradation.4
The use of semiconductor titanium dioxide (TiO2) as photocatalyst is
commonly adopted due to its non-toxic nature and relatively low cost.5 Zinc oxide
(ZnO) is another example of photocatalyst that have been widely used in the study of
photocatalytic treatment in degrading pharmaceuticals like carbamazepine or
tetracycline.1,6 The high photosensitivity, chemical & thermal stability, together with
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the non-toxic and low-cost nature, have promoted and established their position for
application in photocatalytic water treatment.3,4
With strong UV light absorption, TiO2 and ZnO are extremely active under UV
irradiation, and thus very effective to degrade contaminants under UV condition;
however, the large band gaps of the photocatalysts (e.g. 3.2 eV for TiO2) have restricted
the application under visible light irradiation.4 As a result, drastic decrease in degrading
efficiency could be expected when TiO2 or ZnO is used as photocatalyst for degradation
of contaminants under visible light irradiation. To increase the utilization of the wide
solar spectrum, particularly increase the consumption of the visible light spectrum,
several strategies have been developed. In particular, the doping of metal/non-metal
ions have been one of the strategies that have been intensively studied.4 The doping of
non-metal elements such as nitrogen and carbon have been previously shown to
improve the efficiency of TiO2 in utilization of the visible light spectrum.7–10 The
doping of non-metal has inserted localized states in the band gap of the photocatalyst,
thus allow electron transition when applying visible light irradiation.4
In photocatalytic treatment studies, the •OH is usually expected and confirmed
to be the major reactive species for the targeted contaminants removal as revealed using
scavengers (e.g. 2-propanol, tert-BuOH, nitrobenzene) or other spin trapping analysis
method like electron resonance detection.2,5,11 Yet, as previously mentioned, there are
also presence of different reactive species (1O2, O2•-, hVB+) which could be potentially
formed during photocatalytic treatment;12 with their formation and importance
depending on the semiconductor material used. Therefore, the participation of reactive
species other than •OH should also be considered. Not only for their participation
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during the parent compound degradation, they may also potentially alter the
transformation pathway, as indicated in a study of TiO2 with 5% Boron-doped (w/w).11
In the previous chapter, acesulfame was found to be effectively removed with
the use of UV photo-Fenton treatment, without the increase in toxicity due to the
produced suite of transformation products, as indicated by several previous studies.13–
18

It is of interest here to investigate whether the use of visible light photocatalytic

treatment can achieve similar results. In this regard, a newly synthesized TiO2-based
photocatalyst with carbon and nitrogen co-doped was applied to degrade ACE under
simulated sunlight irradiation (denoted as SS/C,N-TiO2 treatment). The material had
been previously applied to degrade 4-nitrophenol and was found to reduce the toxicity
towards zebrafish embryos.10 Various parameters that may affect the degradation of
ACE was assessed. Then, the transformation of ACE under the simulated sunlight
photocatalytic treatment was studied, in both non-scavenging and scavenging
conditions, in order to elucidate the contribution of different reactive species that may
participate in the degradation. Furthermore, the post-treatment toxicity was assessed to
determine the overall effectiveness (i.e. parent compound and transformation products
removal & toxicity change) of the treatment. It was the aim of this study to understand
the reactive species contribution during photocatalytic treatment of ACE in terms of
transformation and evaluate the impact of visible light photocatalytic treatment on the
removal of ACE and toxicity.
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3.2.

Results and Discussion

3.2.1.

Optimization of operation parameters

3.2.1.1. Adsorption of ACE by C,N-TiO2 citrate
Characterization of the C,N-TiO2 citrate (C,N-TiO2) has been previously
reported in Osin et al. (2018), including the composition and chemical state analysis,
and the phase, crystal structure and morphologies of the photocatalyst.10 Before the
degradation experiment, it was found that the C,N-TiO2 significantly adsorbs ACE at
the pH uncontrolled condition (pH ~5.3), as shown in Figure 3.1. The black line refers
to the ACE MRM transition spectrum (m/z 162→82) before addition of C,N-TiO2,
while the red line refers to the sample withdrawn after the addition of C,N-TiO2 to form
a slurry reaction mixture, which the signal of ACE was disappeared after mixing with
the photocatalyst. Upon addition of 10 µL of 0.02 M NaOH to the 1 mL withdrawn
sample before filtration, the ACE would be released out again, as shown by the blue
line. This suggest that the C,N-TiO2 can effectively adsorb ACE, suggesting that it can
also be used as adsorbent for charged contaminants. The doping of carbon has been
suggested to improve the adsorption capacity of organic contaminants.9,10 It is known
that the pH value of the reaction mixture would affect both the photocatalyst and target
analyte (i.e. ACE) surface charge. For ACE, with the pKa of 2.0;19 it would
undoubtedly be negatively charged in the reaction mixture (pH ~ 5.3). While for titania
based materials, it is known that the point of zero charge (PZC) is around 6.2.4,20,21
Thus at the provided pH 5.3, the C,N-TiO2 citrate surface would be of positive charge,
which favours the adsorption of negatively charged contaminant (ACE in here). With
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the addition of 10 µL of 0.02 M NaOH, the pH becomes alkali, which change the
surface of the photocatalyst to negatively charged, leading to repulsion between C,NTiO2 and ACE, which was released out. This shows that other than simply acting as the
photocatalyst, the C,N-TiO2 citrate can also act as the contaminant adsorbent when
under suitable pH condition. The adsorption of contaminant would also be beneficial
for the degradation process, since it will increase the chance of contaminant to react
with produced reactive species on the surface of the photocatalyst.5

Figure 3.1 UHPLC-MS/MS chromatogram of ACE in reaction mixture before the
addition of catalyst (● Black), after incubation with C,N-TiO2 (● Red), and desorption
with the addition of 10 µl of 0.02 M NaOH (● Blue). (Conditions: [ACE]ini = 1 mg/L;
[C,N-TiO2]ini = 500 mg/L; pH uncontrolled).
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3.2.1.2. Effect of C,N-TiO2 citrate loading
To determine the optimal dosage of C,N-TiO2, several photocatalyst loading
was tested based on the performance of ACE degradation under simulated sunlight
provided by xenon lamp, with results shown in Figure 3.2. It can be observed that the
degradation efficiency increased from 100 to 500 mg/L of C,N-TiO2 added. No
significant increase in degradation efficiency with further increasement of the C,NTiO2 dosage to 1000 mg/L. Calculation of the pseudo-first order rate constant for ACE
degradation also show the same trend (Figure 3.3 & Table 3.1). As a significant
increase in pseudo-first order rate constant was observed from 250 to 500 mg/L, with
the increasement is slowing down from 500 to 1000 mg/L. The above data suggested
that at 1000 mg/L of C,N-TiO2 citrate added, the slurry of reaction mixture may have
already reached the saturation point, in which the degradation efficiency of
photocatalytic oxidation gradually decreased. This is due to the fact that upon
saturation, “clouding effect” will occur, due to unfavorable light scattering, and
reduction of light penetration.5,22,23 All these factors will hinder the light penetration
for the activation of the photocatalyst, as the excess photocatalyst particles will
decrease the available surface area for light irradiation.3 In our case, since 500 mg/L
and 1000 mg/L achieved similar degradation efficiency, 500 mg/L was adopted to be
the C,N-TiO2 loading for all the later experiments. It should also be mentioned that the
effect of photocatalyst loading is also determined with the design of the photoreactor,
in which our irradiation chamber has the simulated sunlight irradiated from the top to
the photocatalyst slurry. When using photoreactors of other designs, such as continuous
flow photoreactor, annular photoreactor or compound parabolic collector, the design,
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dimension and additional hydrodynamics parameters will all affect the optimal
photocatalyst loading.24

Table 3.1 Pseudo-first order rate constants of ACE degradation in simulated sunlight
photocatalytic treatment using C,N-TiO2 as photocatalyst.
[C,N-TiO2]ini (mg/L)

Kobs, ACE (min-1)

R2

100

0.0271 ± 0.00092

0.9992

250

0.0532 ± 0.00417

0.9911

500

0.1070 ± 0.00813

0.9454

1000

0.1127 ± 0.00717

0.9792

(Conditions: [ACE]ini = 1 mg/L, light intensity = 1200 Lux, n=2)
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Figure 3.2 Effect of C,N-TiO2 loading on ACE degradation under simulated sunlight.
(Conditions: [ACE]ini = 1 mg/L, light intensity = 1200 Lux, n=2.)
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Figure 3.3 Pseudo-first order plot showing the effect of C,N-TiO2 loading on ACE
degradation. (Conditions: [ACE]ini = 1 mg/L, light intensity = 1200 Lux, n=2.)

3.2.1.3. Effect of light source
The effect of light source to the C,N-TiO2 photocatalytic degradation is studied,
with results presented in Figure 3.4. While C,N-TiO2 can be activated with the use of
simulated sunlight (visible light wavelength), it is observed that the use of UV-A light
will lead to a faster degradation of ACE. Although the co-doping of C and N has
expanded the absorption spectrum of the C,N-TiO2, its absorption is still considered
high at the UV region. The use of UV-A irradiation was favoured and led to a faster
ACE degradation. Thus, one may choose to use different light sources depending on
the situation. For example, with a highly contaminated wastewater, it may be more
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efficient to use the artificial UV-A lamps to activate photocatalyst than relying on the
sunlight.

Figure 3.4 Effect of different light source on ACE degradation by C,N-TiO2
photocatalytic treatment. (Conditions: [ACE]ini = 1 mg/L, [C,N-TiO2]ini = 500 mg/L,
light intensity = 1200 Lux (simulated sunlight); 3000 µW/cm2, n=2.)
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3.2.1.4. Application in actual water matrices
While the C,N-TiO2 can be activated by simulated sunlight to degrade ACE in
ultrapure water, it is also important to evaluate its performance in different water
matrices. The ACE degradation was therefore conducted in ultrapure, tap and
wastewater, with the results shown in Figure 3.5. The degradation efficiency is in the
descending order of ultrapure water (control) > tap water > wastewater. Significant
suppression of ACE degradation was observed compare to the nearly complete removal
in ultrapure water (95.7%), in tap water (47.1%) and wastewater (20.2%). The
significantly suppression of ACE degradation in wastewater could be contributed by
the high COD value (437.24 mg/L), suggesting the presence of a large amount of
natural organic matter (NOM) or other organic substances. These substances are
oxidizable, which will compete with ACE for the oxidizing reactive species, leading to
the retardation of the degradation. As shown in Figure 3.1, the C,N-TiO2 could also act
as an adsorbent. It is postulated that NOM may also occupy the surface of the
photocatalyst, thus depressing the photocatalytic activity of the C,N-TiO2, and
hindering the degradation of ACE. It has been previously suggested that NOM could
occupy the active sites on the surface of the catalyst.24 Moreover, the presence of other
co-exiting substances, like organic acids or inorganic ions may also contribute to the
decrease in degradation efficiency. For inorganic ions, they may hinder the degradation
through scavenging the reactive species produced, or directly interfere the production
process by reacting with the valence holes and excited electrons.25
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Figure 3.5 Effect of water matrices on ACE degradation by C,N-TiO2 photocatalytic
treatment. (Conditions: [ACE]ini = 1 mg/L, [C,N-TiO2]ini = 500 mg/L, light intensity =
1200 Lux (simulated sunlight), n=2)

3.2.1.5. Quencher test for identification of reactive species
In order to evaluate the presence of •OH, t-BuOH was used as the scavenger
(k•OH = 6.0 × 108 M-1s-1). As the reaction of •OH with t-BuOH will terminate the radical
chain reactions [equation (3.1)], t-BuOH is usually used for confirming the presence
and participation of •OH in degradation reaction.11,26 Results (Figure 3.6) showed that
the addition of t-BuOH significantly suppressed the degradation process. This indicated
that •OH should be one of the reactive species that involved in degrading ACE.
•OH

+ t-BuOH → (CH2C(CH3)2OH) + H2O
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(3.1)

Figure 3.6 Effect of different scavengers on ACE degradation by C,N-TiO2
photocatalytic treatment. (Conditions: [ACE]ini = 1 mg/L, [C,N-TiO2]ini = 500 mg/L,
light intensity = 1200 Lux (simulated sunlight), n=2)

While it is generally assumed that •OH is the major reactive species responsible
for the degradation of organic contaminants in photocatalytic treatment,11 other
reactive species (1O2, O2•-, hVB+) generated during the process, could also be taken part
in the degradation. To reveal whether other reactive species may take part in the
degradation, chloroform (CHCl3, for O2•- scavenging), furfuryl alcohol (FFA, for 1O2)
and formic acid (FA, for hVB+) were added individually, and determined for their effect
towards the ACE degradation by photocatalytic oxidation of C,N-TiO2. Results are
shown in Figure 3.6. The most significant inhibition was observed with the addition of
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FA, in which only c.a. 7% ACE was removed. This is probably FA consumes the
valence hole produced due to the excitation of electrons [equation (3.2)], together with
the scavenging of the produced •OH [equation (3.3)]; it is also known that FA would
also adsorb onto the surface of the photocatalyst.11 By comparing with the t-BuOH
result (ca. 57.4% ACE removal), it is suggested that the valence hole would also
participate in the degradation process of ACE, either by direct reaction or formation of
reactive species for degradation other than •OH.
2 hVB+ + HCOO- → CO2 + H+
•

OH + HCOO- → CO2- + H2O

(3.2)
(3.3)

Singlet oxygen (1O2) is known to be possible to be generated by O2•- [equation
(3.4-3.5)] (which is generated by the reduction of O2 with the excited e- at the
conduction band) during the photocatalysis and is possible to be generated with the use
of modified TiO2, but not for unmodified TiO2.12 It is also possible to form from the
energy transfer pathway during the recombination of excited e- with the valence hole
(Figure 3.7).27 To determine whether 1O2 was participated in ACE degradation, furfuryl
alcohol was used as the scavenger (1 × 108 M-1s-1),28 that proposed by Haag et al. (1984)
as probe for 1O2. 29 Results in Figure 3.6 suggested 1O2 participation since the addition
of 1 mM FFA largely suppressed the ACE degradation, with only 24% ACE removed.
However, FFA was also suggested to be highly reactive with •OH (1.5 × 108 M-1s-1) as
indicated by Yang et al. (2018).30 Thus, the significant inhibition with FFA was a
combination effect of •OH and 1O2. When using chloroform as the scavenger for
superoxide anion radical, the scavenging effect is less significant than the others
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(formic acid, furfuryl alcohol, tert-butanol), with 85% ACE removed. The lower
contribution of O2•- may be related to the consumption of O2•- by valence hole for the
formation of 1O2 [equation (3.4)].
•

O2- + hVB+ → 1O2

(3.4)

•

O2- + •OH → 1O2 + OH-

(3.5)

Figure 3.7 Schematic showing the reaction species generation mechanism of
unmodified-TiO2 (top); and modified-TiO2 (bottom).27

By combining all the results, the ACE degradation using C,N-TiO2 as
photocatalyst under simulated sunlight, will involve •OH, 1O2, O2•- and hVB+ for
degradation. While it is observed that formic acid significantly affected the ACE
degradation, hinting that hVB+ may have a dominant role in the degradation process.
However, its contribution may be more in an indirect manner rather than hVB+ directly
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degrade ACE. This is because the indirect contribution of hVB+ would include the
production of •OH by reaction with OH- [equation (3.6)],3 reaction with O2•- to form
1

O2 [equation (3.4)], in which these reactive species will also have significantly

contributed to the degradation. Thus, the scavenging result using FA does not directly
refer to the degradation of ACE by hVB+.
OH- + hVB+ → •OH

(3.6)

Assuming the total amount of reactive species existed in the reaction mixture is
100%, an estimation of the contribution of each reactive species was done by
considering the percentage of inhibition of different scavengers.11 In other words, tBuOH refers to the inhibition of •OH (42.6%), and FFA is the combination of •OH and
1

O2 (76.1%), the difference between the percentage of inhibition using t-BuOH and

FFA is the contribution of 1O2 (33.5%). The difference between FFA and FA
percentage inhibition refers to the direct contribution of hVB+ (17.0%). The percentage
of inhibition with addition of chloroform is 15.1%, which represents the contribution
of O2•-. The value of the overall percentage of contribution is slightly exceed 100%,
which may be due to i) some species rely on the other species for their generation and
ii) some scavengers are not specific to one reactive species only, thus complicated the
calculation. However, it is confident to determine the reactive species which are of
higher importance during the degradation of ACE by C,N-TiO2 photocatalytic
treatment.
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3.2.2.

Evaluation of ACE TPs formation by C,N-TiO2 citrate photocatalytic
oxidation

In the previous section it has been demonstrated that C,N-TiO2 can be activated
under simulated sunlight for the degradation of ACE. The effects of photocatalyst
loading, light source, water matrix and the involved reactive species were evaluated. It
is also of our interest to elucidate the transformation of ACE. As mentioned by
Cavalcante et al. (2016), while the use of scavengers for alteration of kinetic profile of
contaminant degradation is a common practice, few people have applied it for studying
the transformation mechanism.11 For the transformation of ACE, though there are
already several studies in the literature,13,14,16,18,31–33 there is yet a study which evaluated
the role of reactive species to the ACE transformation in the selected treatment. As we
confirm that •OH, 1O2, O2•- and hVB+ were involved in the ACE degradation using C,NTiO2 as photocatalyst, it was our aim to reveal the participation of different reactive
species during the transformation process. In this regard, samples containing 1 mg/L
ACE were spiked with individual scavengers, and undergone the photocatalytic
treatment with C,N-TiO2 and subject to UHPLC-QTOF-MS for analysis. For each
sample spiked with individual scavenger (e.g. t-BuOH), it will minimize the
contribution of •OH, and reveal the pathway contributed by the other reactive species
that are not scavenged (1O2, O2•- and hVB+). Moreover, the transformation of ACE
would also be compared with the use of P25-TiO2, and in different simulated conditions
and actual water matrices.
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3.2.2.1. Relationship between transformation products formation and the reactive
species involved in ACE degradation
Table 3.2 summarizes the transformation products observed using UHPLCQTOF-MS from the photocatalytic oxidation by SS/C,N-TiO2. To maintain the
environmental relevance of the study, the [ACE]ini has set to be 1 mg/L. The
abbreviation “n.d.” in table 3.2 means the particular TP was not detected when using
the UHPLC-QTOF-MS due to the detection limit but may form if a higher initial
concentration of ACE was adopted. No new TPs were observed to form from the
transformation of ACE under SS/C,N-TiO2 treatment other than those previously
reported for photolysis/photocatalytic oxidation/photo-Fenton treatment.13,14,18,31–33
TP-138 (acetylsulfamate) was previously reported to form under photocatalytic
treatment of ACE using sol gel method-synthesized TiO2 by López-Muňoz et al.
(2018),33 and in here it was also observed to form under SS/C,N-TiO2 treatment. The
iso-ACE was previously reported to form by undergoing photo-isomerization through
intramolecular rearrangement of ACE by UV-C photolysis,31 and was also observed to
form under simulated photocatalytic oxidation in here with all of the conditions tested,
together with sulfamic acid (TP-96).34
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Table 3.2 A summary of reported TPs obtained from UHPLC-QTOF-MS, from ACE photocatalytic oxidation by SS/C,NTiO2.
No.
1
TP-96
2
TP-136
3
TP-137
4
TP-138
5
TP-152
6
TP-154
7
Iso-ACE
8
TP-168A
9
TP-168B
10
TP-170
11
TP-178
12
TP-180
13
TP-182
14
TP-184
15
TP-193
16
TP-194
17
TP-196
18
TP-212
19
TP-226
20
TP-230A
21
TP-230B
n.d. = not detected

[M-H]H2NO3S
C3H6NO3S
C3H5O4S
C2H4NO4S
C2H2NO5S
C2H4NO5S
C4H4NO4S
C2H2NO6S
C3H6NO5S
C2H4NO6S
C4H4NO5S
C4H6NO5S
C3H4NO6S
C3H6NO6S
C4H4N2O5S
C4H4NO6S
C4H6NO6S
C4H6NO7S
C4H4NO8S
C4H8NO6S2
C4H8NO8S

Exact mass
m/z
95.9761
136.0074
136.9914
137.9867
151.9659
153.9816
161.9867
167.9608
167.9972
169.9765
177.9815
179.9972
181.9765
183.9921
192.9925
193.9765
195.9921
211.9870
225.9663
229.9799
229.9976

No scavenger

t-BuOH

FA

FFA

CHCl3

✓
n.d.
✓
✓
✓
✓
✓
✓
n.d.
✓
✓
✓
n.d.
n.d.
n.d.
✓
n.d.
✓
n.d.
n.d.
n.d.

✓
✓
✓
✓
✓
✓
✓
✓
n.d.
✓
✓
✓
n.d.
n.d.
n.d.
✓
n.d.
n.d.
n.d.
✓
n.d.

✓
✓
✓
n.d.
n.d.
n.d.
✓
n.d.
n.d.
n.d.
n.d.
✓
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.

✓
n.d.
✓
✓
n.d.
n.d.
✓
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.

✓
✓
✓
✓
✓
✓
✓
✓
n.d.
✓
✓
✓
n.d.
✓
n.d.
✓
n.d.
n.d.
n.d.
n.d.
n.d.

(Conditions: [ACE]ini = 1 mg/L, [C,N-TiO2]ini = 500 mg/L, [Scavengers] = 1 mM, light intensity = 1200 Lux (simulated
sunlight), n=2)
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Formic acid leads to the most significant inhibition to the degradation of ACE,
with very few TPs observed. With the addition of FA, the activity of valence holes
(hVB+) and •OH production are suppressed, with the remaining degradation rely on the
O2•-. O2•- is produced when oxygen molecules reduced by the photo-excited electrons
[equation (3.7)].11,12 The singlet oxygen production would also be suppressed [equation
(3.4-3.5)]. It seems the degradation of ACE with O2•- is a minor transformation pathway,
considering the number of TPs formed. The O2•- may participate in the hydroxylation
of ACE to form TP-180, which subsequently further degrade to form TP-136. The
relationship between TP-136 & TP-180 has been proposed by Gan et al. (2014);32 and
observed in photo-Fenton treatment of ACE.18 For TP-137, it is proposed to be the
degradation product of ACE hydrolysate with the loss of -NCO.14
eCB- + O2 → O2•-

(3.7)

The transformation pathway involving O2•- and hVB+ is represented by using
FFA to inhibit 1O2 and •OH. Similar to the effect of formic acid, addition of furfuryl
alcohol has also led to a significant inhibition to the transformation of ACE, with only
4 TPs (TP-96, TP-137, TP-138 and iso-ACE) observed. Comparing with the results
with the addition of t-BuOH, which represents the pathway involving 1O2, O2•- and
hVB+, nine more TPs were formed. This suggests the importance of 1O2 in the
transformation of ACE in the degradation process. Singlet oxygen is known to be of
high reactivity to olefin and amine moieties.35 From the additional TPs formed when
in the presence of 1O2, singlet oxygen preferentially attacked the C=C double bond and
led to hydroxylation, and ring-opening to form TP-194, and subsequent degradation to
form TP-152, 168A and TP-170.
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As shown in Figure 3.6, the addition of chloroform represents the
transformation involving •OH, 1O2 and hVB+. Majority of the TPs formed are the same
as that with t-BuOH addition, except no TP-194 and TP-230A were observed with TP184 appeared. TP-184 was previously suggested to form from the intermediate m/z =
165.9816 through hydrolysis and ring-opening reaction.18 Since this TP was only found
in the CHCl3 added sample but not present in other scavenging condition, we suggested
the formation of TP-184 is mainly due to •OH in the C,N-TiO2 photocatalytic treatment.

3.2.2.2. ACE-TPs formation in actual water matrices
As mentioned in Section 3.2.1.4, deviation will exist between laboratoryprepared ultrapure water sample and actual water matrix for the evaluation of the
contaminant degradation efficiency. We wonder whether the same apply to the
transformation process, therefore, ACE-spiked tap water and wastewater samples were
also evaluated to determine the TPs that will potentially form when undergo
photocatalytic treatment in actual water matrices. To improve the detection of
transformation products in actual water matrices, 50 mL samples was lyophilized and
pre-concentrated to 1 mL to increase the sensitivity.
In actual water matrices, 7 TPs (for tap water samples) and 3 TPs (wastewater
samples) out of those known to form during photocatalytic treatment in ultrapure water
was observed. Table 3.3 is a synopsis showing the TPs observed in tap water and
wastewater samples. The decrease in number of TPs observed was likely due to the
scavenging effect of the co-existing substances, which scavenged the reactive species
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thus decrease the degradation efficiency and limits the extent of transformation process.
To our surprise, chlorinated ACE-TPs (TP-206) was observed to form in the tap water
and wastewater samples. TP-206 was previously reported in chlorination of ACE.16
Figure 3.8 shows the fragmentation of TP-206 in tap water sample, in which the major
fragments presented in Li et al. (2016) are also observed. It is known that hydroxyl
radical could be scavenged by chloride to form reactive chlorine species [equation (3.83.10)].3,36 To confirm the formation of TP-206 is due to the presence of chloride in the
water matrix, 5 mM of chloride is added to ACE-containing ultrapure water and the
sample is subjected to photocatalytic treatment. TP-206 is also identified in the treated
5 mM Cl- ACE-containing ultrapure water sample. This confirm the presence of
chloride in the water matrix would influence the transformation of ACE through
photocatalytic treatment, in which transformation products produced would not only
be oxidized with oxygen-containing moieties as observed in ultrapure water, but also
potentially formed chlorinated-TPs.
•

OH + Cl- ⇌ HOCl•-

(3.8)

HOCl•- + H+ ⇌ H2O + Cl•

(3.9)

Cl• + Cl- ⇌ Cl2•-
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(3.10)

Table 3.3 A summary of TPs obtained by UHPLC-QTOF-MS. From ACE
photocatalytic oxidation by SS/C,N-TiO2 in actual water matrices after lyophilization.

No.
1
TP-96
2
TP-136
3
TP-137
4
TP-138
5
TP-152
6
TP-154
7
Iso-ACE
8
TP-168A
9
TP-168B
10
TP-170
11
TP-178
12
TP-180
13
TP-182
14
TP-184
15
TP-193
16
TP-194
17
TP-196
18
TP-212
19
TP-226
20
TP-230A
21
TP-230B
22
TP-206
n.d. = not detected

[M-H]H2NO3S
C3H6NO3S
C3H5O4S
C2H4NO4S
C2H2NO5S
C2H4NO5S
C4H4NO4S
C2H2NO6S
C3H6NO5S
C2H4NO6S
C4H4NO5S
C4H6NO5S
C3H4NO6S
C3H6NO6S
C4H4N2O5S
C4H4NO6S
C4H6NO6S
C4H6NO7S
C4H4NO8S
C4H8NO6S2
C4H8NO8S
C2H2Cl2NO4S

Exact mass
m/z
95.9761
136.0074
136.9914
137.9867
151.9659
153.9816
161.9867
167.9608
167.9972
169.9765
177.9815
179.9972
181.9765
183.9921
192.9925
193.9765
195.9921
211.9870
225.9663
229.9799
229.9976
205.9087

Tap water
(TW)
✓
n.d.
✓
✓
n.d.
n.d.
✓
✓
✓
n.d.
✓
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
✓

Wastewater
(WW)
✓
n.d.
✓
n.d.
n.d.
n.d.
✓
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
n.d.
✓

(Conditions: [ACE]ini = 1 mg/L, [C,N-TiO2]ini = 500 mg/L, [Scavengers] = 1 mM, light
intensity = 1200 Lux (simulated sunlight), n=2)
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Figure 3.8 (a) HR-MS spectrum showing the presence of TP-206 and (b) Accurate
MS/MS fragmentation spectrum of TP-206 in tap water sample; mass deviations from
theoretical m/z values are indicated in parentheses.
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3.2.2.3. Time profile study
To elucidate the evolution of transformation products during the simulated
sunlight photocatalytic treatment, samples from SS/C,N-TiO2 was taken at designated
time interval and subjected to UHPLC-QTOF-MS. To facilitate the monitoring of TPs,
a higher initial ACE concentration (20 mg/L) was adopted. The time profiles were
established with the relative abundance of each monitored TPs [(TP abundance)t/ (ACE
abundance)0] for the discussion on the formation trends of TPs during the treatment
process. Constructed time profiles are presented as Figure 3.9. With 20 mg/L ACE, the
degradation of ACE is slow. After 240 min treatment there was c.a. 10% ACE
remaining. Moreover, some TPs that were not detected to form in 1 mg/L ACE are now
being detected (TP136, TP-168B, TP-184, TP-196, TP-230A), but with low abundance.
Sulfamic acid (TP-96) was observed to have a continuous grow of abundance
throughout the treatment, with significant increase in abundance within the first 90 min
of treatment. Apart from TP-96, there were several TPs (TP-138, iso-ACE, TP-170 &
TP-180) which were also of higher abundances. Yet, except TP-138, the other three
TPs (iso-ACE, TP-170 & TP-180) showed a decreasing trend after 90 min of treatment.
Among the other TPs which were of relatively lower abundance, most of them were
also observed to show the same decreasing trend after 90 min of treatment. All except
TP-137 which showed a continuous increasing trend until 150 min time interval, after
which its abundance became relatively steady. Comparing with the UV photo-Fenton
treatment, which has been used to degrade the same amount of ACE, it seems the
simulated sunlight photocatalytic treatment is less effective in terms of degrading both
mother compound and the TPs formed. It is previously reported that the formation of
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toxic transformation products would lead to an increase in toxicity for the treatment of
ACE.13–16 With the remaining TPs, it is important to evaluate the toxicity outcome of
the SS/C,N-TiO2 treatment.
Based on the elucidated transformation profile obtained in each scavenging
condition, and the transformation in actual water matrices, a general ACE
transformation pathway was proposed (Figure 3.10). The participation of reactive
species in the transformation process was indicated, together with the extra
transformation pathway observed in actual water matrices with co-existing solutes (e.g.
Cl-). The results clearly suggested that not only the presence of different reactive
species alter degradation efficiency of the parent compound (ACE), they will also have
a significant impact towards the formation of transformation products as different
reactive species would have their own predominated reactions.11
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Figure 3.9 Time profile of ACE transformation products during SS/C,N-TiO2 treatment
[(a) TPs with higher relative abundance, (b) TPs with lower relative abundance)]
(Conditions: [ACE]ini = 20 mg/L, [C,N-TiO2]ini = 500 mg/L, light intensity = 1200 Lux
(simulated sunlight)).
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Figure 3.10 A summary of the different proposed ACE transformation pathways through SS/C,N-TiO2 photocatalytic treatment in the
absence and presence of specific scavengers, or with the presence of Cl- as co-existing solute.

82

3.2.3.

Toxicity assessment

While ACE is non-toxic, the photolysis/photocatalytic treatment of ACE has
been reported leading to an increase in acute toxicity to bioluminescent bacteria,
developmental toxicity to zebrafish embryo and oxidative stress to Carassius auratus’s
liver.13–15,33 As presented in Figure 3.9, the SS/C,N-TiO2 treatment has not completed
the TPs removal even after a prolonged duration (240 min exposure). In this regard, an
acute toxicity evaluation was done to evaluate the potential change in toxicity of ACE
after treatment with SS/C,N-TiO2. As a comparison, the commercially available P25TiO2 was also used (SS/P25-TiO2) to degrade ACE, to determine whether the use of
different photocatalyst also lead to a change in toxicity. To accurately assess the change
in toxicity, a higher initial ACE concentration was adopted (20 mg/L). Samples were
treated for 240 min and subjected to lyophilization. Lyophilized samples were
reconstituted with sterilized ultrapure water and was then osmotic-regulated for
Microtox assay assessment.
It is surprising to find that after 240 min of treatment, the SS/C,N-TiO2 treated
sample exert even a higher toxicity to the V. fischeri (Figure 3.11). While it was
previously suggested that the use of UV-C irradiation or UV-C/TiO2 treatment led to
an increase in toxicity,14,15 here with the use of simulated sunlight, a significant increase
in toxicity compared to ACE itself was observed. Moreover, UV photo-Fenton
treatment does not lead to increase in toxicity.18 This shows that the use of UV
irradiation is not the cause of the toxicity, but the produced transformation products are
the origin of toxicity. As given in Figure 3.10, there still exists a suite of TPs produced
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after 240 min, probably be the reason for a significant increase in toxicity. As previous
study reported that sulfamic acid only elicit toxicity at a high concentration (14429.2
mg/L),18 the high toxicity observed in SS/C,N-TiO2-treated sample may potentially be
related to the other TPs. The calculated EC50 of SS/C,N-TiO2 treated sample is 141.10
mg/L, which is of the same order of magnitude with the EC50 of UV-C/TiO2 treated
sample (125.5 mg/L) reported by Sang et al. (2014).13 Comparing the SS/C,N-TiO2 and
SS/P25-TiO2 treated samples, both samples were observed to obtain a significantly
higher inhibition to the bioluminescence of the Vibrio fischeri, as compared with ACE.
This suggested that the use of simulated sunlight in photocatalytic treatment for ACE
removal may not be an effective measure after all. While the use of simulated sunlight
can effectively remove ACE, the remaining transformation products would be of
concern. The suite of TPs produced would elicit a higher toxicity, potentially harmful
to the aquatic environment and ecosystem. To effectively resolve the problem of ACE,
not only to achieve a comprehensive degradation of parent compound, the mineralize
of TPs formed during degradation would be of equal/even higher importance.
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Figure 3.11 Acute toxicity test results with V. fischeri of SS/C,N-TiO2 and SS/P25TiO2 treated ACE samples. (Conditions: [ACE]ini = 20 mg/L, [photocatalyst]ini = 500
mg/L, light intensity = 1200 Lux (simulated sunlight), n=2).
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3.3.

Conclusions

In this chapter, the utilization of heterogeneous photocatalytic treatment under
simulated sunlight for the removal of ACE was evaluated. ACE was found to be
effectively removed in the designated time interval, and the C,N-TiO2 could also act as
a good adsorbent of ACE at approximately pH 5.3. The effect of different operational
parameters, including the catalyst loading, light source, and water matrices was
assessed. By using scavengers to alter the degradation profile of ACE oxidative
treatment by SS/C,N-TiO2 process, different reactive species (•OH, 1O2, O2•- and hVB+)
were found to participate in the degradation process.
Further expanding the use of scavengers to alter the transformation profile of
ACE further revealed that different reactive species were involved in the degradation
process. These species may also involve in the transformation process, with each of
them leading to the formation of different transformation products. To assess the ACETPs formation in actual water matrices, the ACE transformation was also evaluated in
treated ACE-containing tap water and wastewater samples. While some of the
identified photocatalytic TPs were found, a previous reported chlorinated ACE-TP
(TP-206) was also observed to form in both water matrices. The experimental results
with chloride-spiked ultrapure water confirmed that the formation of TP-206 was
primarily due to the scavenging of reactive species by chloride, leading to the formation
of reactive chlorine species that degrade and transform ACE. This showed that the
transformation profile of ACE would potentially be altered by the water matrix. Time
profile monitoring of ACE transformation helped to retrieve the formation trend of the
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TPs. Different TPs were still available after 240 min of treatment, and some TPs (e.g.
TP-96, TP-138 and TP-137) were relatively stable after initially formed during the
SS/C,N-TiO2 treatment.
The impact of the SS/C,N-TiO2 treatment on the toxicity change was assessed
using V. fischeri bioluminescence inhibition assay. Surprisingly, a significant increase
in toxicity was observed. The same order of magnitude with the EC50 of UV-C/TiO2
treated sample previously was reported. This suggested that the use of simulated
sunlight photocatalytic treatment of ACE may not be good enough since the remaining
TPs induced the significant toxicity.
To summarize, the application of SS/C,N-TiO2 for photocatalytic oxidation of
ACE has been assessed in different aspects. Particularly, with the SS/C,N-TiO2
treatment, the participation of different reactive species has led to different
transformation pathway. For the degradation of contaminants in actual water matrices,
one may also have to consider the impact of the matrix components to the
transformation of contaminants, which may lead to the formation of unexpected
transformation products. Although the SS/C,N-TiO2 can utilize visible light for the
degradation process, the decrease in degradation power and significant enhancement
of toxicity are of concern. Further studies on developing new cAOPs that could
effectively and safely remove contaminants are urgently needed.
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Chapter 4 Redox Mediator-modified Fenton/Fenton-like system for
emerging contaminants degradation

4.1.

Introduction

Catalytic Advanced Oxidation Processes (cAOPs) involves the use of catalyst,
either homogeneous or heterogenous, for the activation of oxidant (e.g. H2O2), and the
production of reactive species for water decontamination. The most well-known
homogeneous cAOPs is perhaps the Fenton process, which involves the use of ferrous
ion as the catalyst, to react with hydrogen peroxide (H2O2), leading to the formation of
reactive species such as hydroxyl radical (•OH). Since the first description of the
Fenton process by Fenton in 1894,1 the Fenton and Fenton-like reactions (catalyzed by
other non-ferrous transition metals) have been the hot topic for intensive study on
decontamination of water from organic contaminants. However, traditional Fenton
process suffers from the working pH limitation due to the precipitation of iron species
at circumneutral to neutral pH, which has been the bottleneck for Fenton-based
treatment.2,3 While for iron-free Fenton-like systems, though non-ferrous catalyst could
perform better in neutral/alkaline pH range to generate reactive species (e.g. •OH), they
may suffer demerits like cytotoxic in nature (e.g. Ce, Cr, and Co) or expensive for
expansive use (e.g. Ru), restricting their chance for practical use.4
To improve the degradation efficiency, photocatalytic oxidation could be
applied to increase organic contaminant degradation in water. For Fenton-based
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treatment, the introduction of energy source such as UV and visible light can accelerate
the redox recycling of Fe(II)/Fe(III) through the photo-Fenton reaction. Yet, the
additional expense for high energy cost (for UV light source) remains a concern for
implementation, and the quantum yield for the photoreduction of Fe(III) is relatively
low.3,5 Moreover, the operation pH is still limited to pH ≤ 3, due to the use of iron. The
introduction of organic ligand, for example oxalate, leading to the formation of
ferrioxalate would have a higher quantum yield in the visible spectrum (λ < 550 nm).6
The absorption of light would lead to ligand-to-metal-charge-transfer (LMCT), which
results in the reduction of the iron centre, and radical of the organic ligand (e.g. oxalate
radical for ferrioxalate).7,8 Another intensively investigated area of catalytic AOPs is
the semiconductor material-based photocatalytic oxidation (e.g. using TiO2 as
photocatalyst), with the use of irradiated semiconductor material to produce different
reactive species for degradation. To increase the extraction of solar light spectrum,
doping of metal/non-metal elements to TiO2 could be applied to narrow the bandgap.9
However, the application of heterogenous photocatalytic treatment has been mostly
limited to lab-scale and yet to be at full-scale, due to the difficult post-treatment
separation of colloidal catalyst and the limited mass transfer of the substrate to
immobilized catalyst.10 Moreover, the low quantum yield for •OH generation is another
obstacle.3 In this regard, a way to accelerate the degradation without external energy
source is in demand.
In recent years, several studies reported the introduction of redox mediators
(RMs) to intensify the Fenton-based degradation. For example, hydroxylamine
(NH2OH) was observed to accelerate the degradation of tetrachloroethene (PCE) in a
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Fe(II)/Fe(III)-catalyzed percarbonate system.11 The naturally-occurring amino acid
cysteine (C3H7NO2S, Cys), was also found to aid the transformation of Fe(III) to Fe(II)
with its reducing thiol group (-SH), thereby enhancing the Fenton degradation
efficiency.12,13 Mercaptoacetic acid (MAA) could also greatly accelerate the iron redox
cycle and stabilizing the iron through chelation, thus allowed circumneutral pH
operation for multiple pollutant degradation.2 While the application of RMs seems to
be promising to improve the Fenton degradation without the need of external energy
input, there are still plenty of room for research improvement and enhancement. For
instance, use of hydroxylamine to assist the Fenton process would face a significant
deterioration of degradation when the pH increases, and HA could subsequently
become the terminator of the reaction at pH > 6.14 Similarly, while the iron redox cycle
could be accelerated by cysteine, the Cys-Fenton system suffers sharp deterioration in
degradation efficiency at circumneutral to neutral pH.12,13 As for MAA, excessive
amount of reagents would be required in excess to allow the Fenton reaction cycle to
work in neutral pH without significant decrease in degradation rate, possibly due to the
high competition of hydroxide ion (OH-) with MAA for complexation with Fe(II).2 It
is therefore, still in need to search for a RM-assisted Fenton and Fenton-like system
possessed both accelerated degradation, and ability to operate in neutral pH without
significant deterioration of degradation efficiency.
In this chapter, the potential application of D,L-mercaptosuccinic acid (MSA)
as redox mediators in homogeneous transition metal-catalyzed Fenton/Fenton-like
treatment at neutral pH has been evaluated. MSA showed the characteristics of both
mercaptan and dicarboxylic acid chemical compounds.15 With the presence of thiol
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functional group, it would allow MSA to accelerate the transition metal redox cycle, in
a similar manner with MAA and Cys.2,12 Moreover, it is known that MSA could act as
mono-/bi-/tridentate ligand,15 which can help to stabilize the metal ion. In the first part
of this chapter, MSA was employed in the Fenton system (Fe(II)/H2O2) to assess its
performance as redox mediators in neutral pH, with comparison to MAA and other
redox mediators. While in the latter part, a novel Cu(II)/PS/MSA Fenton-like system
was developed and studied. Given the similar redox properties like iron,4 copper could
easily react with oxidants to form a Fenton-like system to produce reactive species for
degradation via the redox cycle of Cu(I)/(II). Moreover, it is much more stable and of
higher solubility than iron in neutral pH conditions.16 In this part of study, the effect of
concentrations of metal ion, oxidant and redox mediator were evaluated accordingly.
Moreover, the degradation mechanism of the Cu(II)/PS/MSA Fenton-like system was
also elucidated using a number of analytical techniques. The impact of structural
difference of redox mediators, choice of oxidant and effect of anions, pH and water
matrix were also systematically revealed. Finally, the transformation of acesulfame
(ACE) under the Cu(II)/PS/MSA Fenton-like system was also elucidated. It is the aim
of this study to gain insight to influential factors for the oxidative degradation treatment
of the RM-assisted Fenton/Fenton-like systems and provide basis for future
development of catalytic degradation techniques, for the degradation of
micropollutants at neutral pH environment.
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4.2.

Results and Discussion

4.2.1.

Addition of redox mediators for Fenton treatment at neutral pH

4.2.1.1. Effect of redox mediators to Fe(II)/H2O2 system
To improve the Fenton system performance at neutral pH, redox mediators
were added to improve the degradation efficiency. The α-mercaptocarboxylic acids
(MSA & MAA) were applied in here for the degradation of ACE. Figure 4-1 shows the
ACE degradation using the corresponding redox mediator (RM)-assisted Fenton
systems (Fe(II)/MSA/H2O2 & Fe(II)/MAA/H2O2). The Fe(II)/MAA/H2O2 system had
been previously tested on Methylene blue, 4-chlorophenol, bisphenol A and
ciprofloxacin,2 and in here it was used as a comparison for the Fe(II)/MSA/H2O2
system. From Figure 4-1, both the dark Fenton and photo-Fenton process (without
redox mediators) only lead to negligible ACE degradation at neutral pH. This is mainly
due to the fact that Fe(II) added would be changed to Fe(III) at neutral pH, and formed
precipitate of iron oxyhydroxides.2 The significant decrease in photo-Fenton treatment
of ACE at increased pH was also reported in a previous study.17 The addition of both
MSA and MAA enabled ACE removal at the neutral pH. However, the dosage effect
of MSA and MAA were observed to be varied. The addition of 100 µM MSA at the
molar ratio of Fe(II) to MSA of 1:4 allowed the degradation of around 50% ACE; while
the same amount of MAA added only allowed approximately 20% ACE removal. Since
MSA can chelate to metal ions as mono-/bi-/tri-dentate ligand,15 together with the
possession of the reducing thiol functional group, these two characteristics allowed it
to improve the neutral pH Fenton degradation. The increase of RMs concentration to
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200 µM (Fe(II) to MSA = 1:8) showed deviation, with negligible change observed for
MSA, but significant increase for MAA (from 19.2% to 62.4% ACE removal). When
the concentration of RM is further increased to 400 µM (Fe(II) to MSA = 1:16),
significant inhibition of ACE removal was observed, with only 27.8% and 26.9% ACE
degraded using MSA and MAA, respectively. This phenomenon could be due to the
scavenging of reactive species produced by the excess RMs, which was also reported
in previous study using Cys for Fenton degradation enhancement of Rhodamine B.12
Then, whether the Fe(II)/MSA/H2O2 & Fe(II)/MAA/H2O2 systems could also be used
for photo-Fenton treatment was assessed. By combining with the use of UV-A
irradiation, both systems achieved a significant increase in ACE removal, achieving
80% removal with UV-A light, comparing with that of 50% (MSA) and 20% (MAA)
without the UV-A light. The substantial improvement of degradation efficiency could
be contributed by the simultaneous reaction of the acceleration of Fe(III) reduction by
both the redox mediators (MSA & MAA) and the photo-Fenton reaction.
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Figure 4.1 Effect of addition of MSA and MAA to Fenton system towards ACE
degradation: (a) MSA, (b) MAA. (Conditions: [ACE]ini = 5 µM, [Fe(II)]ini = 25 µM,
[H2O2]ini = 500 µM, UV-A light intensity = 1500 µW/cm2, pH = 7 unless specified,
n=2).

Knowing that the thiol functional group possess reducing ability, the
Fe(III)/MSA/H2O2 system was compared side-by-side with the Fe(II)/MSA/H2O2
system to confirm the MSA participation in the redox cycle of Fe(III)/Fe(II). The
results are shown in Figure 4.2. Fe(III)/MSA/H2O2 can degrade of ACE, even though
the removal percentage is lower than that of Fe(II)/MSA/H2O2. This is likely because
Fe(III) need to be reduced back to Fe(II) before starting the Fenton degradation process
(Equation 4.1).18 This leads to the consumption of a portion of the MSA added, leading
to the decrease in amount of MSA that could be used to maintain the Fenton reaction.
As for the Fe(II)/MSA/H2O2, the Fe(II) could undergo the Fenton reaction first, before
subsequent reduction by MSA. The above comparison confirms the promotion of
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oxidation activity due to the presence of MSA, which accelerates the Fe(III)/Fe(II)
redox cycle to improve contaminants degradation.
2 RS- + 2 Fe(III) → 2 Fe(II) + RSSR

(4.1)

Figure 4.2 Comparison of Fe(III)/MSA/H2O2 and Fe(II)/MSA/H2O2 systems for ACE
degradation. (Conditions: [ACE]ini = 5 µM, [Fe(II)]ini = 25 µM, [Fe(III)]ini = 25 µM,
[MSA]ini = 100 µM, [H2O2]ini = 500 µM, pH = 7 unless specified, n=2).

As recalled from the results in Figure 4.1, MSA was more effective at a lower
molar ratio of Fe(II):RMs (1:4), compare to that of MAA (1:8), which may be due to
some reasons: As mentioned, MSA could chelate to metal ions as mono-/bi-/tri-dentate
ligand, while MAA only existed as mono-/bi-dentate ligand.15 The vacancies available
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for the attachment of labile water ligand and H2O2 (oxidant) could be different when
MSA and MAA were individually applied. It is known that the formation of complex
with different ligands could alter the efficiency for Fenton/Fenton-like reactions with
parameters like number of coordination sites occupied/unoccupied, type of ligands and
the extent & type of distortion of the coordination sphere.19 Moreover, the difference
in denticity of MSA and MAA, leading to the discrepancy of binding phenomena to
the metal species, may also change the consumption of redox mediators. Thus, the
lower RM consumption with MSA increased the longevity of the Fe(II)/MSA/H2O2
system and enable the Fe(III)/Fe(II) redox cycle to run for more cycles. Finally, at
neutral pH, there are a presence of large amount of OH-, which would compete with
the redox mediators to complex with the Fe(III).2 For the complexation with Fe(III),
the use of MSA seems to be advantageous over MAA at neutral pH since the ACE
removal rate is relatively higher using a lower concentration of MSA (Figure 4.1).

4.2.1.2. Comparison of redox mediators’ effect towards Fe(II)/H2O2 system
To further assess the performance of MSA as a redox mediator in the
Fe(II)/MSA/H2O2 system, ACE removal was used as an indicator to compared with the
reducing agents and redox mediators that have been reported can accelerate the Fenton
process. Cysteine and hydroxylamine (HA) were used to accelerate the Fenton process
in previous studies.12–14 As shown in Figure 4.3, only the Fe(II)/MSA/H2O2 system
achieved a significant degradation of ACE, with Fe(II)/Cys/H2O2 system allowed
minimal ACE degradation and negligible degradation was observed for
Fe(II)/HA/H2O2 system. HA was reported to have a dual role in the Fenton process,
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depending on the pH. At pH >4.0, HA could scavenge •OH, and at even higher pH (pH
> 6.0), it could be the terminator of the reaction.14 As for Fe(II)/Cys/H2O2 system, the
decrease of oxidation reactivity when increasing the solution pH was proposed to be
related to the precipitation of Fe(III).12,13 The above results suggested that MSA could
be a better choice to accelerate the Fenton reaction at neutral pH than other reported
RMs.

Figure 4.3 Effect of different RMs on ACE Fenton degradation at neutral pH.
(Conditions: [ACE]ini = 5 µM, [Fe(II)]ini = 25 µM, [Cys]ini = 100 µM, [HA]ini = 100
µM, [MSA]ini = 100 µM, [H2O2]ini = 500 µM, pH = 7 unless specified, n=2).
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4.2.1.3. Performance in actual water matrices
The use of Fe(II)/MSA/H2O2 system was further assessed in actual water matrix,
with the results presented in Figure 4.4. In tap water, the Fe(II)/MSA/H2O2 system can
only degrade ca. 25% of ACE, which was only one-half of the degradation achieved in
ultrapure water. The degradation efficiency was further declined in wastewater matrix,
as negligible degradation was observed. This showed that the co-existing substances in
actual water matrix could significantly affect the degradation of contaminants in MSAmediated Fenton system, and modification on the combination of the redox-mediatorsassisted Fenton system is needed to improve the degradation efficiency in
environmental relevant situations.

Figure 4.4 Degradation of ACE by Fe(II)/MSA/H2O2 system in selected water matrices.
(Conditions: [ACE]ini = 5 µM, [Fe(II)]ini = 25 µM, [MSA]ini = 100 µM, [H2O2]ini = 500
µM, pH = 7 unless specified, n=2).
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4.2.2.

Degradation of contaminants by Cu(II)/PS/MSA system
In the previous section, the Fe(II)/MSA/H2O2 system has already proven to be

applicable in the neutral pH condition, however, there are still plenty of rooms for
improvement on the performance, particularly on the degradation efficiency and
application in actual water matrix. In 2017, Du et al. has published a paper on the use
of MSA-stabilized Cu nanocluster probe for the detection of H2O2.20 Since the
combination of copper with MSA could be used for H2O2 colorimetric assay, which
means there is reaction between the copper species and the oxidant (e.g. H2O2),
potentially leading to the formation of reactive species for degradation. This rises the
opportunities to adopt a similar approach and develop a new Fenton-like system with
the use of copper as the metal species instead of iron, which is of much higher stability
at circumneutral to neutral pH range.4 In recent years, several studies have emerged on
the development of using copper species for degrading refractory organic contaminants
in water or disinfection purpose;16,21–25 suggesting the potential of Cu-based AOPs. In
this regard, a novel modified Fenton-like system (Cu(II)/PS/MSA) was developed
using Cu(II) ions as metal species, with persulfate (S2O82-, PS) as oxidant and MSA as
redox mediators, and applied for the degradation of selected model contaminants (ACE,
carbamazepine (CBZ) and atrazine (ATZ)) to assess its potential. Copper ion was
known to be able to decompose oxidants like H2O2 to generate reactive species as a
Fenton-like system.4,12,26 Moreover, Cu(I)aq was reported to be very reactive with
S2O82- (k ~ 107 M-1s-1) than with H2O2 (k ~ 4.1 × 103 M-1s-1), thus persulfate was
selected to be the oxidant for the Cu(II)/PS/MSA system to facilitate the generation of
reactive species.
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4.2.2.1. Degradation of selected model contaminants

Figure 4.5 Degradation of selected organic pollutants in the Cu(II)/PS/MSA system.
(Conditions: [ACE]ini; [ATZ]ini; [CBZ]ini = 0.5 µM, [Cu(II)]ini = 25 µM, [PS]ini = 500
µM, [MSA]ini = 50 µM and pH = 7 (in 5 mM phosphate buffer), n=2)

In Figure 4.5, the degradation of ACE, CBZ and ATZ by Cu(II)/PS/MSA
system at 5 min time interval is presented. For all three contaminants, the degradation
was at least 85% at 5 min time interval (88.8%, 98.6%, 88.3% for ACE, CBZ and ATZ
respectively). A control set-up with 0.5 µM ACE but without addition of methanol
(MeOH) was further conducted (since ACE is highly water soluble, but ATZ and CBZ
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are less water-soluble. Thus, standard solutions of ATZ and CBZ are prepared in
methanol instead of ultrapure water like ACE). Comparing the degradation with control
set up, a further increase of the removal percentage of ACE was observed, showing
that ACE was degraded even better when no MeOH was added. The degradation has
been slightly retarded by the presence of methanol, which was known to be a reactive
species quenching agent.27

4.2.2.2. Optimization of operation parameters
Knowing that the Cu(II)/PS/MSA system could effectively remove several
contaminants, the effect of different operation parameters, including the [Cu(II)]ini,
[PS]ini and [MSA]ini were evaluated. The recycling use of the Cu(II) in the reaction
mixture was also assessed.
Firstly, the effect of [Cu(II)]ini was assessed. As the system was proposed to
work as a Fenton-like process, the metal ion would be playing the role of catalyst in
activating oxidants as what the Fe(II) done in the Fenton system. Cu(II) has been used
in previous studies of Fenton-like system for the degradation of organic
contaminants.16 The effect of [Cu(II)]ini is shown in Figure 4.6. Similar to the Fenton
process, an initial sharp degradation was observed at the beginning, with ≥80% ACE
being degraded within 30 sec. Moreover, the effect of [Cu(II)] is closely related to the
molar ratio of [Cu(II)]:[MSA]. At ratio of 1:1 to 1:2, the degradation goes
instantaneously, while at a ratio of 1:4, the excess MSA seems to initially inhibit the
degradation, and a comparatively lower ACE removal % is achieved. Similar effect
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was also observed in the Fe(II)/MSA/H2O2 system, where an increase in the molar ratio
of [Fe(II)]:[MSA] did not necessarily increase the degradation efficiency, and even
retarded the degradation process (Figure 4.1).

Figure 4.6 Effect of [Cu(II)]ini in the Cu(II)/PS/MSA system. (Conditions: [ACE]ini =
5 µM, [Cu(II)]ini = 25 µM, [PS]ini = 500 µM, [MSA]ini = 50 µM and pH = 7 (in 5 mM
phosphate buffer), n=2)

Secondly, the effect of varying the [MSA]ini was studied, with the results shown
in Figure 4.7. Similar to the effect of [Cu(II)]ini, the [MSA] which governs the
degradation efficiency, at an excess of [MSA] (4 times higher concentration than
[Cu(II)]), the degradation was retarded Similar observations was also observed where
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using 12.5 µM of Cu(II) with 50 µM MSA. Retardation at the initial 1 min and a
decrease in removal was observed (Figure 4.6). Thus, the molar ratio between the metal
species and the redox mediators is of huge importance, governing the degradation rate,
and could suppress the removal if excess redox mediator is added since RMs could also
scavenge the produced reactive species for degradation.

Figure 4.7 Effect of [MSA]ini in the Cu(II)/PS/MSA system. (Conditions: [ACE]ini = 5
µM, [Cu(II)]ini = 25 µM, [PS]ini = 500 µM, [MSA]ini = 50 µM and pH = 7 (in 5 mM
phosphate buffer), n=2)

As it was observed that the molar ratio of [Cu(II)]:[MSA] = 1:2 could likely to
be the optimum ratio for the Cu(II)/PS/MSA system, experiments were further
conducted with increasing the concentration of Cu(II) and MSA, while maintaining the
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molar ratio of 1:2. Results are presented in Figure 4.8. Increasing the concentration
while maintaining the molar ratio of [Cu(II)]:[MSA] = 1:2 improved the degradation
percentage, showing that the 1:2 ratio of [Cu(II)]:[MSA] is the optimal ratio for
complex formation and degradation. Although it is known that mercaptans could
activate persulfate, without the addition of Cu(II), there is only negligible degradation
observed (MSA/PS only in Figure 4.8), showing that the metal ion, redox mediator and
oxidant are all crucial for the degradation to occur.

Figure 4.8 Effect of [Cu(II)-MSA]ini in the Cu(II)/PS/MSA system. (Conditions:
[ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [PS]ini = 500 µM, [MSA]ini = 50 µM and pH= 7
(in 5 mM phosphate buffer), n=2)
Next, the effect of [PS]ini was assessed. As the oxidant in the degradation
system, PS is regarded as the source of reactive species. The results are shown in Figure
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4.9. At 25 µM (same concentration as Cu(II) used), a lower degradation percentage
was achieved with 74.1% ACE removed. Continuous increase of persulfate
concentration from 50 to 500 µM allowed a much faster and improved degradation,
with the largest improvement on ACE removal observed between 25 (29.2%) to 50 µM
(74.0%) at the first 30 sec. The improvement in ACE removal between 50 to 500 µM
was small (within 10%). Upon increasing the [PS]ini to 1000 µM, the degradation was
observed to be inhibited when comparing to the one with [PS]ini=500 µM, suggesting
that persulfate could also act as scavenger for reactive species. Similar issue has also
been previously reported, where excess oxidants could scavenge the generated reactive
species.28,29

Figure 4.9 Effect of [PS]ini in the Cu(II)/PS/MSA system. (Conditions: [ACE]ini = 5
µM, [Cu(II)]ini = 25 µM, [PS]ini = 500 µM, [MSA]ini = 50 µM and pH = 7 (in 5 mM
phosphate buffer), n=2)
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In the Cu(II)/PS/MSA system, the three components are occupying different
roles for the degradation process to occur. Cu(II) act as the metal species to react with
MSA, which later participate in the activation of oxidant; PS as the oxidant source to
provide reactive species for degradation, and MSA act as the redox mediator for
accelerate the redox cycle and stabilizing the metal species. In this regard, the potential
to recycle the initially added Cu(II) was investigated, with results presented in Figure
4.10. After the first cycle of ACE degradation by the Cu(II)/PS/MSA system, a new
portion of ACE was added, followed by MSA, and then the system was activated again
with introduction of PS. Four cycles were conducted without the addition of extra Cu(II)
species, ACE continues to degrade in each cycle. It was found that the ACE removal
was decreasing in each cycle. It was because in each time the remaining ACE was
accumulated, such that for the next cycle, the [ACE]ini is higher than the spiked amount.
The results showed that the initially added Cu(II) species could be recycled, simply by
addition of new portions of MSA for reduction and PS for initiation of the degradation
process. It may be a strategy to employ the Cu(II)/PS/MSA system in situations where
there is a limit on the residual Cu(II). For instance, the copper maximum contaminant
level for drinking water is 1.3 mg/L (~20 µM) as set by the U.S. Environmental
Protection Agency (US EPA),21,30 in such cases multiple addition of redox mediator
and oxidant would be an effective measure to degrade contaminants without substantial
increase of the residual Cu(II) which could exceed the regulatory limit.
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Figure 4.10 Recycling use of Cu(II) ini in the Cu(II)/PS/MSA system. (Conditions:
[ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [PS]ini = 500 µM, [MSA]ini = 50 µM and pH = 7
(in 5 mM phosphate buffer), n=2)
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4.2.3.

Analysis of reactive species and proposed oxidation mechanism

4.2.3.1. Formation of Cu-MSA complex & participation of MSA in degradation
system
From the above results, the Cu(II)/PS/MSA system have already shown to work
in neutral pH effectively. However, the Cu(II)/PS/MSA system oxidation mechanism
remains to be elucidated. To reveal the degradation mechanism, several investigations
have been conducted. As shown in the UV-vis spectra of Cu(II) mixed with MSA
(Figure 4.11), the absorption at 350 nm resembles the formation of a yellow Cu(I)
complex.31 At a 5 times concentrated sample of Cu(II) mixed with MSA at a molar
ratio of 1:2, another absorption at ~500 nm was observed. This absorption has been
previously suggested to represent the formation of a multi-valence copper complex.32
The above results suggest that there is reaction between Cu(II) and MSA, where the
addition of Cu(II) had led to the diminish of the peak of MSA (M-H]-, m/z=149) as
shown in Figure 4.12, the thiol group of two molecules for MSA become disulfide bond
and form 2,2'-dithiodisuccinic acid ([M-H]-, m/z=297). Similar reaction has been
observed when cysteine was used as redox mediator for Fenton process,12 leading to
the formation of cystine (oxidized dimer form of cysteine). The formation of copper(I)
complex is due to the reduction of Cu(II) initially added to Cu(I) by one mole of MSA,
and then a second mole of MSA incorporated to the formed Cu(I) product for
stabilization.31 The reaction between MSA (represented as RS-) and Cu(II) could be
represented by the following equation 4.2:33
2 RS- + 2 Cu(II) → 2 Cu(I) + RSSR
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(4.2)

Figure 4.11 UV-vis spectra of Cu(II) mixed with MSA. (Conditions: [Cu(II)]ini = 25
and 125 µM, [MSA]ini = 50 and 250 µM and pH = 7)
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Figure 4.12 ESI-MS spectra of a) MSA only and b) Cu(II) mixed with MSA and c)
UHPLC-QTOF-MS analysis showing the presence of MSA (m = 0.67) and 2,2'dithiodisuccinic acid (MSA dimer, m = 3.03). (Conditions: [Cu(II)]ini = 25 µM,
[MSA]ini = 50 µM and pH = 7)
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As previously suggested in Li et al., (2016), the presence of redox mediators
(cysteine) and the byproducts of redox mediators’ reaction (cystine) may partly react
with the reactive species.12 This may be one of the reasons leading to the incomplete
degradation of ACE as discussed in Section 4.2.2. From Figure 4.13, it is observed that
the 2,2'-dithiodisuccinic acid ([M-H]-, m/z=297) would diminish simultaneously with
ACE upon addition of PS into the reaction mixture containing Cu(II) & MSA. This
confirms that the byproducts from the reduction of Cu(II) by MSA will consume some
of the oxidative power of the degradation system, leading to a decrease in degradation
efficiency.

Figure 4.13 Time profile of ACE and 2,2'-dithiodisuccinic acid during degradation by
Cu(II)/PS/MSA system. (Conditions: [ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [PS]ini =
500 µM, [MSA]ini = 50 µM and pH = 7 (in 5 mM phosphate buffer), n=2)
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4.2.3.2. Inhibition test to determine specific reactive species
To elucidate the reactive species of the Cu(II)/PS/MSA system, different
scavengers were applied to determine the reactive species. It is known that through
metal-activation of persulfate, sulfate radical (SO4•-) is produced and may also lead to
formation of hydroxyl radical (•OH).27 Thus, ethanol (kSO4.- = 1.6 × 107 M-1s-1; k.OH =
1.2 × 109 M-1s-1) and tert-butanol (kSO4.- = 4.0 × 105 M-1s-1; k.OH = 6.0 × 108 M-1s-1)
were used to evaluate the potential contribution of the SO4•- and •OH.27,34 If the addition
of EtOH lead to significant decrease in target analyte (i.e. ACE) removal while t-BuOH
did not, this would imply the reaction would be dominant with SO4•- and not •OH.29
The results of the alcoholic scavengers are shown in Figure 4.14. Considering a higher
reaction rate constant of t-BuOH to •OH than SO4•-, it seems there is the presence
of •OH in the system from the above alcoholic scavenging results, which may
contribute to 20% of ACE degradation (5 mM t-BuOH). However, when nitrobenzene
(NB), a very specific •OH scavenger was used ((kSO4.- = < 106 M-1s-1; k.OH = 3.9 × 109
M-1s-1),35 no inhibition to the degradation of ACE was observed (Figure 4.15). This
excluded the participation of •OH to the ACE degradation by the Cu(II)/PS/MSA
system, and the decreased contribution by the alcoholic scavengers may refer to the
reaction with SO4•-, in which an inhibition of ~50% of the degradation (5 mM EtOH
v.s. Control) was observed. From the work of Ghanbari & Moradi (2017), it has been
suggested that there might be some non-radical pathways contributed to the
degradation, if the addition of EtOH does not lead to a significant decrease.29 Moreover,
as pointed out by Toth et al. (2012), the rate constant of SO4•- was suggested to be low
for acesulfame (kSO4.-,ACE= <0.02 10-9 M-1s-1).36 In this regard it is impossible for SO4•-
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to be responsible for the fast ACE degradation by the Cu(II)/PS/MSA system. To
determine the impact of SO4•-, the Fe(II)/PS system was used to degrade ACE as a
comparison with the Cu(II)/PS/MSA system. Results are presented in Figure 4.16.
Fe(II)/PS was known to produce SO4•- for degradation,27 which was confirmed by the
complete scavenging of degradation ability through the addition of 5 mM EtOH.
Similar to the one shown in Figure 4.14, the degradation of Cu(II)/PS/MSA system was
only affected for c.a. 40% of its degradation. This shows that the Fe(II)/PS does not
have the same degradation mechanism with the Cu(II)/PS/MSA system for ACE
degradation, and the Cu(II)/PS/MSA system degradation is not solely contributed by
SO4•-.

Figure 4.14 Effect of alcohol scavengers on the ACE removal of Cu(II)/PS/MSA
system. (Conditions: [ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [PS]ini = 500 µM, [MSA]ini
= 50 µM and pH = 7 (in 5 mM phosphate buffer), n=2)
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Figure 4.15 Effect of nitrobenzene (NB) to the Cu(II)/PS/MSA system. (Conditions:
[ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [PS]ini = 500 µM, [MSA]ini = 50 µM and pH = 7
(in 5 mM phosphate buffer), n=2)
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Figure 4.16 Comparison of Fe(II)/PS with Cu(II)/PS/MSA system, with and without
presence of ethanol. (Conditions: [ACE]ini = 5 µM, [Mn+]ini = 25 µM, [PS]ini = 500 µM,
[RM]ini = 50 µM and pH = 7 (in 5 mM phosphate buffer) for Cu(II) system and pH = 3
(tuned by H2SO4) for Fe(II) system)
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To further evaluate the reactive species involved in the Cu(II)/PS/MSA system,
other specific scavengers were applied. Furfuryl alcohol (FFA) and chloroform (CHCl3)
were used as scavengers to determine whether there is presence of singlet oxygen 1O2
and superoxide anion radical (O2•-).37–39 It is known that the use of persulfate could also
lead to the production of singlet oxygen (1O2) and superoxide anion radical (O2•-).40 5
mM of FFA and CHCl3 were individually spiked the into reaction mixture for ACE
degradation. Figure 4.17 displays the result of FFA and CHCl3 scavenging of ACE
degradation. Chloroform at 5 mM only lead to c.a. 20% of inhibition, but furfuryl
alcohol successfully inhibited the entire degradation process. A range of [FFA] (0.005
mM to 5 mM) was tested, and only at 0.005 mM (same concentration as [ACE]ini) that
no significant inhibition was observed. Therefore, 1O2 could be the dominant reactive
species and O2•- also have certain role in contaminant degradation; the Cu/PS/MSA
system could suggest to be a multiple reactive species system, involving 1O2, SO4•- and
O2•-. Although there are a number of recent studies suggesting the use of trivalent
copper species (Cu(III)) for degrading contaminants in copper-mediated AOPs or
Cu(II)-catalyzed Fenton-like reaction,16,22,24,25 we suggest our Cu(II)/PS/MSA system
does not have Cu(III) as major reactive species. This is because Cu(III) is reported to
be strongly selectivite that ATZ could only be negligibly degrade in 10 min.25 However,
as shown in Figure 4.5 of Section 4.2.2.2. ATZ is effectively removed by the
Cu(II)/PS/MSA system. Degradation system consists of multiple reactive species for
contaminants removal may be beneficial than relying on single highly reactive species
when apply to the actual water matrix, in which non-selective reactive species would
be easily scavenged.
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Figure 4.17 Effect of FFA and CHCl3 as singlet oxygen (1O2) and superoxide anion
radical (O2•-) scavenger. (Conditions: [ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [PS]ini =
500 µM, [MSA]ini = 50 µM and pH = 7 (in 5 mM phosphate buffer), n=2)
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4.2.4.

Influential factors to the Cu(II)/Ox/RM system
To further evaluate the influential factors for the degradation, the effect of

changing different components (e.g. choice of oxidants & redox mediators) of the
system was assessed. Moreover, the effect of environmental conditions to the
degradation efficiency was further evaluated.
4.2.4.1. Influence of the structure of redox mediators on degradation
While the possession of thiol functional group allowed the acceleration of the
transition metal redox cycle (e.g. Cu(I)/Cu(II), Fe(II)/Fe(III)), the structure of the
applied redox mediators may also affect the stability of the transition metal ions.
Therefore, MAA, MSA and meso-2,3-Dimercaptosuccinic acid (DMSA) were applied
to investigate the effect of the structure of the redox mediators to the degradation
performance of the system. The structures of the compounds are shown in Table 4.1.
Figure 4.18 displays the degradation of ACE using Cu(II)/PS/MAA, Cu(II)/PS/MSA
and Cu(II)/DMSA systems. The degradation efficiency was in the order of
MSA>MAA>DMSA. Considering the difference between MSA and DMSA, the
inclusion of one more thiol group in the structure of DMSA may be the reason of the
significant retardation of degradation after initial degradation before 1 min, and then
the removal percentage remains relatively constant for 10 min before the 2nd
degradation occur. For MSA, the degradation was nearly immediate after the addition
of oxidant. This shows that the possession of thiol group does not necessarily lead to
an increase in degradation efficiency through acceleration of the metal ions redox cycle,
the thiol group could also lead to retardation of contaminant degradation. Moreover,
unlike the combination of Cu(II)/PS/MSA, which visually displays as the formation of
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yellow color (indication for Cu(I) formation) upon the mixing of MSA with Cu(II); the
Cu(II)/PS/DMSA system possessed a pale yellow color continuously throughout the
treatment process (after addition of Cu(II)), and suddenly turned to colorless at 20 min,
at which degradation of ACE is being done. Figure 4.19. shows the color change of the
Cu(II)/PS/DMSA system.

Table 4.1 Structure of the redox mediators and MSA-structural isomer (TDGA).
Mercaptoacetic

D,L-Mercaptosuccinic

meso-2,3-

Thiodiglycolic acid

acid

acid

Dimercaptosuccinic

(TDGA)

acid (DMSA)
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Figure 4.18 Effect of different redox mediators for the degradation of ACE.
(Conditions: [ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [PS]ini = 500 µM, [RM]ini = 50 µM.
pH = 7 (in 5 mM phosphate buffer), n=2)
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Figure 4.19 (a) Color change of the Cu(II)/PS/MSA system and (b) color change of the
Cu(II)/PS/DMSA system. (Conditions: [ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [PS]ini =
500 µM, [RM]ini = 50 µM. pH = 7 (in 5 mM phosphate buffer)

In the case of MAA and MSA, the possession of one more carboxylic acid
group could have contributed to the stabilization of low valence state copper ion
(reduced by the thiol group), such that the system worked faster at neutral pH,
comparing with MAA which only have one carboxylic group which may bind less
tightly, and lower stabilization could be offered. While the importance of the number
of carboxylic group and thiol group has been shown by the comparison of
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Cu(II)/PS/MAA, Cu(II)/PS/MSA and Cu(II)/DMSA systems, the importance of the
thiol group could be observed from the comparison between using MSA and TDGA.
Thiodiglycolic acid (TDGA), having the same chemical formula with MSA, does not
contain the thiol functional group, but bearing a sulfur atom. Results in Figure 4.20
again shows the importance of thiol functional group for the reduction of metal ion to
accelerate the degradation. While TDGA can also stabilize the metal ion, it did not
have the thiol group to accelerate the redox cycle of Cu(I)/Cu(II). This lead to the
significant difference between the two compounds (MSA & TDGA) for the use as
redox mediator. The above results in Figure 4.18 & Figure 4.20 showed that
Cu(II)/PS/MSA system is superior than the other three systems in terms of degradation
efficiency.

Figure 4.20 A comparison of MSA and TDGA as redox mediator in Cu(II)/PS/MSA
and Cu(II)/PS/TDGA systems for the degradation of ACE. (Conditions: [ACE]ini = 5
µM, [Cu(II)]ini = 25 µM, [PS]ini = 500 µM, [RM]ini = 50 µM. pH = 7 (in 5 mM phosphate
buffer), n=2)
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4.2.4.2. Choice of oxidant
In Fenton/Fenton-like studies, hydrogen peroxide (H2O2) was usually applied
as the oxidant to produce reactive species.2,12,14 In fact, there are several oxidants (PS
and PMS) that could be activated through the transition metal ions activation (Wang &
Wang, 2018).41 To determine the influence of oxidant for the Cu(II)/MSA system,
H2O2, PS and PMS were applied individually to assess the performance on degradation
treatment. Table 4.2 shows the chemical structure of the three oxidants. The oxidation
potentials of PS, PMS and H2O2 are 2.1 V, 1.82 V and 1.8 V respectively.29 In terms
of chemical structure, the three oxidants are very similar, with all of them consists of a
O-O bond,42 which upon cleavage lead to the production of reactive species. The
replacement of hydrogen atom with SO3 has resulted in a lengthened O-O bond, leading
to the decrease in bond energy.42,43 Results of ACE degradation by Cu(II)/H2O2/MSA,
Cu(II)/PS/MSA and Cu(II)/PMS/MSA systems are presented in Figure 4.21, and the
concentration effect of each oxidants are shown in Figure 4.22. Persulfate was observed
to be the best choice of oxidant for the system, as the highest ACE removal was
achieved among the three oxidants, while PMS comes second and H2O2 achieved the
lowest degradation efficiency. This may be because Cu+(aq) react with persulfate (k: ≥
1 x 107 M-1 s-1) much faster than hydrogen peroxide (k: ≥ 4.1 x 103 M-1 s-1).26 Also, the
O-O bond dissociation energy of PS was previously determined to be 140 kJ mol -1
which was much lower than that of PMS (377 kJ mol-1),27 which may be the reason for
the significant difference between the ACE degradation under PS and PMS. Moreover,
the difference in the formation of reactive species could also be one of the key
parameters that determine the degradation efficiency. As observed from the three
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degradation profiles, it is observed that the use of PS produced reactive species that are
the most effective for degradation among the three selected oxidants for the
Cu(II)/Ox/MSA system.

Table 4.2 Chemical structure of the three selected oxidants.
Persulfate
(PS)

Peroxymonosulfate
(PMS)
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Hydrogen peroxide
(H2O2)

Figure 4.21 Effect of different oxidants for the degradation of ACE. (Conditions:
[ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [Ox]ini = 500 µM, [MSA]ini = 50 µM. pH = 7 (in
5 mM phosphate buffer), n=2)
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Figure 4.22 Concentration effect of different oxidants for the degradation of ACE.
(Conditions: [ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [Ox]ini = 500 µM, [MSA]ini = 50
µM. pH = 7 (in 5 mM phosphate buffer), n=2)

To further evaluate the suitability of different oxidants for the Cu(II)/MSA
system, the three oxidants were applied in different environmental-simulated situations,
with the presence of commonly existed anions (Cl-, CO32-). Figure 4.23 displays the
comparison of using PS, PMS and H2O2 in different situations. In most cases (except 5
mM [Cl-]), PS is the oxidant that provides the best ACE removal (%). Previous research
has reported that Cl- can accelerate the Cu(II)-catalyzed Fenton-like reaction (H2O2) at
neutral pH,24 this may have contributed to the higher removal rate with H2O2 under 5
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mM Cl- condition. Moreover, SO4•- are prone to the scavenging of Cl- to form less
reactive radical species (e.g. Cl• and Cl2•-) [Equation 4.3 - 4.5]. In the condition with 5
mM of bicarbonate (HCO3-), the superiority of PS as oxidant in the Cu(II)/MSA system
was found more significant, in which the suppression on degradation is much less than
that of PMS and H2O2. Bicarbonate could exert a detrimental effect by scavenging
generated radical species (e.g. •OH & SO4•-).29 For PMS, the presence of phosphate
buffer may be beneficial for its activation since previous studies have reported that
phosphate can activate PMS (Lou et al., 2014).44 Therefore, the above results show that
the choice of oxidant is crucial when developing new homogenous Fenton-like system
with redox mediators. Not only does the chelation of redox mediators to the central
metal ion may change the properties of the metal-complex formed, influencing its
reaction with oxidants, but also leading to huge difference in degradation efficiency.
Thus, depending on the environmental condition for the treatment to be applied, one
may need to use appropriate choice of oxidant, for maximizing the degradation of
micropollutants.
SO4•- + Cl- → SO42- + Cl•
Cl• + Cl- → Cl2•Cl2•- + Cl2•- → 2 Cl- + Cl2

131

(4.3)
(4.4)
(4.5)

Figure 4.23 Effect of different anions on various Cu(II)/MSA systems for the
degradation of ACE. (Conditions: [ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [Ox]ini = 500
µM, [MSA]ini = 50 µM. pH = 7 (in 5 mM phosphate buffer), n=2)

4.2.4.3. Effect of dissolved O2
One of the major inhibition for the use of monovalent and divalent copper ions
(Cu+ and Cu2+) as a Fenton-like system is the reaction of molecular oxygen with the
Cu+ [Equation 4.5].4 The Cu+ will be oxidized by oxygen to Cu2+, thus reduce the
available Cu+ for the activation of reactive species, leading to a loss of degradation
reactivity:
4 Cu+ + 4 H+ + O2 → 4 Cu2+ + 2 H2O
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(4.4)

To evaluate whether a similar observation will be made to the Cu(II)/PS/MSA
system, a continuous nitrogen bubbling reaction mixture was used to mimic an O2purged condition. The result is shown in Figure 4.24. The O2-purged condition does
not initiate the reaction like the control set-up (without nitrogen gas bubbling), with
only a slight degradation of ACE (~ 4%) was observed at 0.5 min time interval, as
compared with approximately 80% ACE degradation observed in the control. This
showed that in an anoxic environment, the degradation of the Cu(II)/PS/MSA system
will be slightly retarded, possibly due to the lack of scavenging attack of oxygen to the
Cu(I) produced by the reaction of Cu(II) with MSA. Slightly higher ACE removal was
observed with the O2-purged condition after 1 min, as compared with the control,
supporting the proposed reason that O2 scavenging reaction would lead to a loss of
degradation reactivity. It is previously reported that reduced Cu(I) by MSA could be
rapidly oxidized by dissolved O2.33 On the other hand, the stabilizing effect of MSA is
weaker than that of the other commonly used ligands like ethylenediaminetetraacetic
acid (EDTA). Without the addition of PS, the Cu(II)/MSA complex was observed to
be slowly broken down, due to the fade out of the yellow colour. This prevents the
potential contamination due to formation of high stability metal complex, as the
Cu(II)/MSA complex could be degraded upon exposure to the environment.
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Figure 4.24 Effect of O2-purged to the Cu(II)/PS/MSA system. (Conditions: [ACE]ini
= 5 µM, [Cu(II)]ini = 25 µM, [PS]ini = 500 µM, [MSA]ini = 50 µM and pH = 7 (in 5 mM
phosphate buffer), n=2)

4.2.4.4. Effect of pH
The effect was assessed at pH values of 5, 7 and 9, which resembles the typical
pH range of wastewater. Results are presented in Figure 4.25. The Cu(II)/PS/MSA
system allowed the effective degradation of ACE at pH value of 5-9 without significant
deviation. This showed that the Cu(II)/PS/MSA system could be applied effectively in
the range of circumneutral to alkali pH for the degradation of organic contaminants.
The Cu(II)/PS/MSA system was also better than that of the Fe(II)/Cys/H2O2,
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Fe/HA/H2O2, Fe(II)/MAA/H2O2, Fe(II)/MSA/H2O2, with significant deterioration of
degradation efficiency observed upon approaching the circumneutral to neutral
pH.2,12,14 Similar performance in different pH values was also reported with the use of
copper complex for the degradation of phenol;25 and traditional Cu2+/H2O2 Fenton-like
system were also reported to be generating reactive species effectively in circumneutral
to neutral pH conditions,4 suggesting the aqueous solubility of copper is important for
the pH performance.

Figure 4.25 Effect of pH on the ACE degradation of Cu(II)/PS/MSA system.
(Conditions: [ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [PS]ini = 500 µM, [MSA]ini = 50
µM. pH = 7 (in 5 mM phosphate buffer), n=2)
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4.2.4.5. Effect of water matrices
The performance of the Cu(II)/PS/MSA system in different water matrices were
assessed. The results are shown in Figure 4.26. The change in water matrix has led to
a

decrease

in

degradation

efficiency

(ultrapure

water

(UW)>tap

water

(TW)>wastewater (WW)). It is understandable that the degradation would be in this
descending order (UW>TW>WW), as the water matrix is more complex with the TW
than UW, and WW is much more complex than TW. The co-existing substances would
interfere the degradation of oxidation processes.45 As shown in previous study on the
effect of anions, the presence of these anions (chloride, bicarbonate) may contribute to
the decrease in degradation efficiency of the treatment (Section 4.2.4.2). Moreover, the
high COD value of the wastewater (437.24 mg/L) also lead to the consumption of
reactive species, reducing the interaction between the target contaminant (ACE) with
the reactive species (1O2, SO4•- and O2•-). An increase in dose of [Cu(II)-MSA] complex
could restore certain portion of removal rate. Alternatively, one may also choose to add
multiple dose of MSA and PS for complex re-formation to run several degradation
cycles to maximize contaminants removal (Section 4.2.2.2).
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Figure 4.26 Effect of water matrices on the ACE degradation of Cu(II)/PS/MSA
system. (Conditions: [ACE]ini = 5 µM, [Cu(II)]ini = 25 µM, [PS]ini = 500 µM, [MSA]ini
= 50 µM. pH = 7 (in 5 mM phosphate buffer), n=2)

137

4.2.5.

Transformation of ACE in Cu(II)/PS/MSA system

4.2.5.1. Comparison of ACE-TPs formation with traditional Fenton treatment
To further explore the Cu(II)/PS/MSA system for contaminants treatment, the
transformation of ACE using Cu(II)/PS/MSA system was studied and compared with
Fenton-based treatment (Fe(II)/H2O2 and Fe(II)/PS). Transformation of ACE by
different treatments have been previously reported.46–52 Table 4.3 summarizes the
transformation products (TPs) found in Fe(II)/H2O2, Fe(II)/PS and Cu(II)/PS/MSA
systems for the degradation of 100 µM ACE. The higher [ACE]ini applied was used to
allow easier evaluation of the transformation products formed upon different
treatments. All the TPs identified were within the mass accuracy limit criterion of 7
ppm. The TPs arise from the degradation of ACE by Cu(II)/PS/MSA was almost the
same as that in the degradation using Fenton-based treatments. TP (TP-178) was
observed to be formed when treatment of Fe(II)/PS and Cu(II)/PS/MSA were used, but
not Fe(II)/H2O2, suggesting that reactive species that was not formed in Fe(II)/H2O2
(e.g. SO4•-) would be responsible for the formation of TP-178. This TP-178 was
previously reported to be formed during biodegradation of ACE and as an intermediate
for the formation of TP-137 during UV-C/TiO2 treatment.49,53 However, no TP-137
was observed to be formed here, probably because UV light was not applied in here.
Other TPs like TP-136 and TP-180, which are also reported to be associated with
photo-chemical transformation pathway, were also not found in the three treatments
without light radiation applied.47–49,52,54
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Table 4.3 Transformation products formed in Fe(II)/H2O2, Fe(II)/PS and
Cu(II)/PS/MSA systems.
No.

Chemical Formula

Exact mass

Fe(II)/H2O2 Fe(II)/PS Cu(II)/PS/MSA

[M-H]-

m/z

1

H2NO3S

95.9761

✓

✓

✓

2

C3H6NO3S

136.0074

n.d.

n.d.

n.d.

3

C3H5O4S

136.9914

n.d.

n.d.

n.d.

4

C2H2NO5S

151.9659

✓

✓

✓

5

C2H4NO5S

153.9816

✓

✓

n.d.

6

C2H2NO6S

167.9608

✓

✓

✓

7

C3H6NO5S

167.9972

✓

✓

✓

8

C2H4NO6S

169.9765

✓

✓

✓

9

C4H4NO5S

177.9815

n.d.

✓

✓

10

C4H6NO5S

179.9972

n.d.

n.d.

n.d.

11

C3H4NO6S

181.9765

✓

✓

✓

12

C3H6NO6S

183.9921

✓

✓

✓

13

C4H3NO6S

191.9608

n.d.

✓

n.d.

14

C4H4N2O5S

192.9925

n.d.

n.d.

n.d.

15

C4H4NO6S

193.9765

✓

✓

✓

16

C4H6NO6S

195.9921

✓

✓

✓

17

C4H6NO7S

211.9870

✓

✓

✓

18

C4H4NO8S

225.9663

n.d.

n.d.

n.d.

19

C4H8NO6S2

229.9799

n.d.

n.d.

n.d.

20

C4H8NO8S

229.9976

✓

✓

✓

n.d. = not detected
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4.2.5.2. Time profile monitoring of ACE-TPs and ACE transformation pathway in
Cu(II)/PS/MSA system
The transformation products of ACE produced by Cu(II)/PS/MSA system were
monitored to create the time evolution profile of the ACE-TPs. The time profiles were
established by plotting the TPs relative abundance [(TP abundance)t/(ACE
abundance)0], and did not specify the concentration change of the individual TPs. The
TPs’ time profiles are shown in Figure 4.27a-b. Upon Cu(II)/PS/MSA treatment,
almost all the 100 µM ACE added (97%) has been removed after 30 min. Some TPs
were of higher response during the 30 min reaction time, including TP-96 (sulfamic
acid),53 TP-194 and TP-212. Previous Fenton-base treatments possessed TP-96, TP152, TP-170 and TP-184 as the dominant TPs for UV-assisted photo-Fenton treatment.
The deviation in dominant TPs may be another proof to show that Cu(II)/PS/MSA
system does not rely on the same reactive species as, for example, the UV photo-Fenton
treatment (•OH).52 For some of the TPs, a decreasing abundance trend was observed,
including TP-194, TP-212, and TP-230B. While for the others, they were observed to
be continuously increasing (TP-96 and TP-168A), or at a relatively stable abundance
ratio after formation. It is understandable to observe the increasing trend of TP-96, as
it is the final product of the degradation of ACE and its TPs. Further study should be
done to evaluate whether these TPs could be removed by prolonged treatment. The
transformation pathway of ACE under Cu(II)/PS/MSA treatment was proposed and
given in Figure 4.28, with the majority of reactions including oxidation, hydrolysis,
hydroxylation and hydrogenation.
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While using as additives in the Fenton/Fenton-like systems, redox mediators
would also be degraded because of the production of reactive species. Thus, the chosen
RMs, and the byproducts should not be potentially harmful to the ecosystem. Through
UHPLC-QTOF-MS analysis, the byproducts of MSA under both the Fe(II)/H2O2/MSA
& Cu(II)/PS/MSA system were observed to be sulfosuccinic acid (m/z=196.9759,
[C4H5O7S]-, m = -1.02) and succinic acid (m/z=117.0194, [C4H5O4]-, m = 0.85).
Both byproducts were assessed to be non-harmful by the ECOSAR software
(Ecological Structure Activity Relationship), developed by the US Environmental
Protection Agency (EPA). Nevertheless, a more comprehensive and systematic
evaluation of the environmental activity of the redox mediators-assisted Fenton system
(e.g. Fe(II)/H2O2/MSA & Cu(II)/PS/MSA system) would be essential to confirm no
additional hazard to the environment.
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Figure 4.27 Time profiles of ACE-TPs during Cu(II)/PS/MSA treatment, (a) major TPs
and (b) minor TPs. (Conditions: [ACE]ini = 100 µM, [Cu(II)]ini = 50 µM, [PS]ini = 1
mM, [RM]ini = 100 µM, pH= 7 (in 5 mM phosphate buffer), n=2)
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Figure 4.28 Proposed transformation pathway of ACE under Cu(II)/PS/MSA treatment.
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4.3.

Conclusions

The introduction of redox mediators to Fenton/Fenton-like systems have been
shown to expand the operational pH range. To work effectively in circumneutral to
neutral pH range remained as the major obstacle in the implementation of
homogeneous Fenton/Fenton-like systems in practical situation. The chelation of redox
mediators with metal ions will result in (i) acceleration of the transition metal redox
cycle (e.g. Fe(II)/Fe(III) cycle and Cu(I)/Cu(II) cycle), and (ii) stabilization of the
reduced low-valence metal ion species (e.g. complex formation of mixing Cu(II) with
MSA). Through facilitating the redox cycle, the contaminant removal efficiency would
be increased. Particularly, the Cu(II)/PS/MSA system have shown to degrade various
contaminants (ACE, ATZ and CBZ) effectively, with a significant improvement in
terms of both removal percentage and speed as compared to the Fe(II)/H2O2/MSA
system. The designed Cu(II)/PS/MSA system utilized multiple reactive species (1O2,
SO4•-, O2•-) for degradation, as confirmed by the scavenger’ studies, and applicable for
a broad pH range (pH 5-9). UV-vis and mass spectrometry analysis revealed the
reaction between Cu(II) and MSA. Formation of Fenton-like system with combinations
of different metal ion species, redox mediators and oxidants would lead to different
results. For example, the combination of copper and MSA was found with a
significantly higher efficiency in terms of degradation rate and stability in neutral pH
than using iron. Similarly, the choice of redox mediators is of equal importance.
Structural components (e.g. functional groups) of the redox mediators aids the
stabilization of the low-valence metal complex formed and accelerate/retard the
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degradation to occur. Furthermore, for previous studies generally adopted H2O2 as the
choice of oxidant: In our work, it has been demonstrated the significance of appropriate
choice of oxidant in here, as the degradation efficiency of the modified-Fenton/Fentonlike system deviates when different oxidants were applied. This is probably the result
of different reactions between the metal complex formed with different oxidant,
leading to formation of different reactive species. Moreover, depending on the
environmental conditions, amending the choice of oxidant should also be considered
for maximizing the degradation efficiency. Thus, future studies adopting the use of
redox mediators-Fenton/Fenton-like system should involve investigation using
different oxidants, and elucidate the reactive species involved for degradation. All in
all, the catalytic Cu(II)/PS/MSA system showed promising of utilizing Cu-AOPs for
decontamination in water treatment; and the use of redox mediator could significantly
improve the performance of homogeneous cAOPs, which in the future may extend its
application in heterogeneous techniques.
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Chapter 5 Experimental

5.1.

General Information

5.1.1.

Chemicals and Reagents
Acesulfame (ACE) (≥ 99.0 %, HPLC) was purchased from Sigma-Aldrich

(Germany), and prepared with ultrapure water (18.2 MΩ cm, Millipore, Billerica, MA,
USA). Carbamazepine (CBZ) (USP testing specifications) and atrazine (ATZ) (99.5%)
was purchased from Sigma-Aldrich (China) and Dr. Ehrenstorfer GmbH (Germany)
respectively; stock solutions of CBZ and ATZ were prepared using methanol as solvent.
Prepared stock solutions were stored in dark at 4°C. For metal salts, cupric sulfate
pentahydrate (99%) was purchased from Beijing Chemical Works (China); while ferric
chloride hexahydrate (99+%) and ferrous sulfate heptahydrate (99.5%) was obtained
from ACROS Organics (Belgium). Oxidants including hydrogen peroxide (35% in
water), potassium peroxomonosulfate (Oxone, extra pure, min. 4.5% oxygen) were
purchased from ACROS Organics (Belgium); and sodium persulfate (reagent grade,
≥98%) was from Sigma-Aldrich, Germany. Redox mediators including D,Lmercaptosuccinic

acid

(99%),

mercaptoacetic

acid

(98%),

meso-2,3-

Dimercaptosuccinic acid and thiodiglycolic acid were all purchased from ACROS
Organics (Belgium). Hydroxylamine hydrochloride (98.5%) was bought from J&K
Scientific (China), with L-cysteine (Free Base) purchased from CALBIOCHEM®
(Japan). Formic acid (98-100%) was obtained from International Laboratory (USA).
Hydrochloric acid (37%) and sulfuric acid (95%) were both purchased from VWR
Chemicals (Belgium). Titanium dioxide with Aeroxide® P25 specification was used
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as supplied by ACROS Organics (Belgium). C,N-TiO2 citrate was supplied by
collaborator from Tongji University (Shanghai, China) and used as provided without
further modification. Sodium Hydroxide was supplied by Standard Chemical. Sodium
chloride (ACS Reagent) was obtained from VWR Chemicals (Belgium), while sodium
hydrogen carbonate (AR Grade, 99%) and sodium phosphate monobasic anhydrous
(AR Grade, 99%) were purchased from Standard Chemical and Beijing Chemical
Works (China) respectively. Sodium thiosulfate (analytical grade, anhydrous, 99%)
was supplied by International Laboratory (USA). Acetonitrile (LC-MS grade) was
purchased from RCI Labscan. Methanol (both HPLC and LC-MS grade, 98-100%) was
purchased from Duksan (Korea). Ethanol (absolute, 100%) was obtained from VWR
Chemicals. Tert-butanol was purchased from ACROS Organics (Belgium).
Chloroform (99.0-99.4%) was bought from Riedel-de Haën (United States), and
furfuryl alcohol (98%) was purchased from Sigma-Aldrich (USA). Nitrobenzene
(99+%, ACS reagent) was purchased from ACROS Organics (Belgium). For Microtox
reagents, including acute reagent, diluent, osmotic adjusting solution and reconstitution
solution were all purchased from Modern Water (Guildford, UK) and used as received.
Nitrogen (High Purity) gas were supplied by Linde and Scientific Gas Engineering Co.
Ltd.
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5.2.

Degradation Experiments

5.2.1.

Irradiation chambers
Lab-made irradiation chambers were used as irradiation source for

photodegradation experiments. The UV irradiation chamber is with a size of 320 (W)
× 320 (D) × 260 H mm3, which could be installed with a UV-C germicidal lamps
(Sankyo G8T5, 8 W, Japan, emission maxima at 253.7 nm), or UV-A Blacklight Blue
lamps (Sankyo F8T5BLB, 8 W, Japan, emission maxima at 352 & 368 nm) in a
concentric series with a total number of sixteen lamps. The total power output when
sixteen lamps were installed was 128 W. For simulated sunlight (SS) condition, another
lab-made irradiation chamber would be used. The SS irradiation chamber is of the size
800 (W) × 600 (D) × 700 (H) mm3 and equipped with a 1000 W Xenon lamp the range
of wavelength emission is within 300 to 800 nm. Cooling fans were installed on both
chambers for temperature control.

Figure 5.1 Lab-made irradiation chamber for UV-C and UV-A photolysis (A) exterior;
(B) interior (with UV-C light turned on).
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Figure 5.2 Lab-made irradiation chamber for simulated sunlight photolysis (A) exterior;
(B) interior (with Xenon lamp turned on).

5.2.2.

Fenton and photo-Fenton treatment in Chapter 2
The 50 mL reaction mixtures were prepared in 150 mL Pyrex beaker with

ultrapure water. The initial pH adjusted to 3.0 with the addition of H2SO4 or NaOH for
adjustment. The experiments were conducted with the addition of the required [ACE]ini
and [Fe(II)]ini for each set-up, and the reaction would be initiated by the addition of the
desired amount of H2O2. For photo-Fenton experiments, the reaction would be initiated
upon addition of H2O2 with UV lamps or Xenon lamp immediately turned on. The
uniformity of the reaction mixture would be guaranteed by a magnetic stirrer, with
experiment conducted at ambient temperature and pressure. Upon reaching the
designated time intervals, samples of volume 0.5 mL would be withdrawn and mixed
with same amount of methanol for quenching purpose. Thereby, the sample mixtures
would be filtered through 0.22 µm nylon syringe filter before subsequent analysis. In
the case of actual water matrix experiments, the use of ultrapure water is replaced by
wastewater, collected from Sha Tin Sewage Treatment Works of Hong Kong.
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Samples for toxicity assessment was prepared using a glass reactor for 500 mL
of reaction mixture. Procedures are same as the above except a higher concentration of
[ACE]ini was used (1000 µM), with the ACE:Fe(II):H2O2 molar ratio maintained. At
designated time intervals, samples would be withdrawn according to the above
procedure to determine the degradation percentage of acesulfame. Samples would then
be quenched with sodium thiosulfate, and pH tuned to ~9 to precipitate out the iron.
Then, the samples would be filtered through 0.22 µm nylon membrane filter and
undergo lyophilization to obtain freeze dried-powder.

5.2.3.

Photocatalytic oxidation treatment in Chapter 3
Reaction mixtures were prepared in 150 mL Pyrex beaker with 50 mL ultrapure

water, with addition of the required [ACE]ini, photocatalyst (C,N-TiO2 / P25 TiO2),
scavengers (chloroform, formic acid, furfuryl alcohol and t-BuOH) and Cl- as required
for each set-up. Reaction would be initiated when subject to the desired light source
(i.e. UV or SS irradiation chambers). The uniformity of the reaction mixture would be
guaranteed by a magnetic stirrer, with experiment conducted at ambient temperature
and pressure. At determined time intervals, sample with volume of 1 mL would be
withdrawn, mixed with 10 µL of 0.02 M NaOH to release the ACE adsorbed on the
catalyst, and filtered through 0.22 µm nylon syringe filter before subsequent analysis.
In the case of actual water matrix experiments, the use of ultrapure water is replaced
by tap water and wastewater, collected from the Hong Kong Baptist University Campus.
For samples used for transformation products time monitoring, a higher concentration
of [ACE]ini (20 mg/L) was used.
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To prepare the samples for toxicity assessment, a glass reactor was used to
prepare reaction mixtures of 500 mL with the decided amount of [ACE]ini (20 mg/L)
and photocatalyst (C,N-TiO2 / P25 TiO2) (500 mg/L). Reactions would be initiated
when subject into the irradiation chamber with lights turned on. Again, the reaction
mixture would be mixed throughout the experiment with a magnetic stirrer to ensure
the uniformity. At designated time intervals, samples would be withdrawn according
to the above procedure to determine the degradation percentage of acesulfame. Then,
the samples would be filtered through 0.22 µm nylon membrane filter and undergo
lyophilization to obtain freeze dried-powder for subsequent Vibrio fishceri
bioluminescence inhibition assay.

5.2.4.

Modified Fenton/Fenton-like treatment in Chapter 4
Reaction mixtures were prepared in 150 mL Pyrex beaker. The reaction mixture

was subjected under constant magnetic stirring at ambient temperature and pressure,
with the pH controlled at 7 by 5 mM phosphate buffer prepared with ultrapure water.
All reagents/chemical solution used would be pre-filtered with 0.22 µm nylon filter.
The experiments were conducted with the addition of the adequate [ACE]ini, [RM]ini,
[Cu(II)]ini and scavengers (EtOH, t-BuOH, NB, FFA and CHCl3) and anions (Cl-,
CO32-). The total volume of reaction mixture is 100 mL. Reaction would be initiated
by the addition of decided [Oxidant]ini. Oxygen-purged condition were prepared by
continuous bubbling of nitrogen gas for at least 30 mins before start of reaction,
respectively. At desired time interval 0.5 mL sample would be withdrawn and mixed
with equal volume of methanol for quenching purpose and then subjected to analysis.
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In the case of actual water matrix experiments, the use of ultrapure water is replaced
by tap water and wastewater, collected from the Hong Kong Baptist University Campus.
For samples used for transformation products time monitoring, a higher concentration
of [ACE]ini (100 µM) was used.

5.3.

Instrumentation

5.3.1.

UHPLC-MS/MS – Quantitative Analysis
For the quantification of analytes (including ACE, CBZ and ATZ) in samples

of kinetic experiments, the Agilent 1290 UHPLC system coupled with 6460 Triple
Quadrupole mass spectrometer (UHPLC-MS/MS) (Agilent Technologies, USA) was
used. For ACE quantification, the Luna® CN column (150 × 2.0 mm, 3 μm,
Phenomenex, USA) was used, while a UPLC BEH C18 column (100 × 2.1 mm, 1.7
μm, Waters, Ireland) was used for the quantification of CBZ and ATZ.
Chromatographic separation was conducted in isocratic elution mode for ACE, CBZ
and ATZ. For ACE, the flow rate was set as 0.25 mL/min, with 95% of ultrapure water
(A) and 5% methanol (B), both spiked with 0.1% formic acid as mobile phase; and
injection volume of 2 µL (for Ch.2) and 5 µL (Ch. 3 & 4). Analysis time for each
sample was 5 mins. For CBZ and ATZ, chromatographic separation was done by
setting the flow rate at 0.4 mL/min. The mobile phase consisted of 20% ultrapure water
(A) and 80% acetonitrile (B), both with the addition of 0.1% formic acid. Injection
volume was 1 µL, with analysis time of each run of 2 mins. The MRM spectra were
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collected according to the determined transitions of target analytes with electrospray
ionization in positive (for CBZ and ATZ), and negative (for ACE) ion mode. The
source parameters were set as follow: drying gas of nitrogen was set at 325 °C, while
the sheath gas was 350 °C, both with the flow of 8 L/min. The nebulizer was set at 40
psig. The fragmentor voltage, skimmer voltage and OctopoleRFPeak voltage were set
at 120V, 65 V and 750 V respectively. For the VCap and nozzle voltage, the values
were set to 4000V and 500V respectively.

5.3.2.

UHPLC-QTOF-MS – Transformation products (TPs) identification and
structural elucidation
For the determination of ACE transformation products, the UHPLC-QTOF MS

system (Agilent 1290 UHPLC system coupled with 6540 Accurate Mass Quadrupole
Time-of-Flight mass spectrometer (Agilent Technologies, USA)) was adopted.
Chromatographic separation of ACE was performed with the same condition as in 1.
UHPLC-MS/MS Quantitative Analysis, except changing the injection volume to 5 µL.
The ion source of Dual AJS electrospray interface (ESI) with mass correction at
reference mass of m/z 112.9855 (negative) and m/z 149.0233 (positive) was used for
the scan of TPs. TPs screening was performed in both positive & negative ionization
mode, with subsequent analysis performed only in negative mode because of the higher
TPs’ signal responses. High resolution mass spectra (m/z 70 – 500) were obtained at a
rate of 2 spectra per second. The source parameters were same as in 1. UHPLC-MS/MS
Quantitative Analysis, except with a change of nebulizer to 40 psig. Operation of
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instrument was conducted in the 4 GHz (High Res Mode), with a low mass range
setting of limit up to 1700 m/z.

5.3.3.

Instrument control, Data acquisition and analysis
The instrument control, data acquisition and analysis of TPs identification &

structural elucidation were conducted with the software MassHunter (Agilent
Technologies). A list of chemically discrete molecular features would be generated
using the collected spectral data by the software, after the subtraction of background
signals and grouping of isotopic patterns. For each detected compound, candidate
formulae would be generated by the software, with the mass accuracy limit of 7 ppm.
Further fragmentation of TPs for their fragmentation patterns would be conducted at
collision energy of 5 V and 10 V respectively for structural elucidation purpose.

5.3.4.

UV-Vis spectrophotometer analysis
COD analysis was conducted according to COD method 5220D,1 with the use

of UV-Vis spectrophotometer (Agilent Cary 8454 UV-Vis Diode Array System, USA)
for analysis. For metal complex formation through UV-Vis absorption analysis, the
UV-Vis spectrophotometer (Agilent Cary UV-300 (Double Beam)) was used
(wavelength).
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5.4.

Vibrio fishceri bioluminescence inhibition assay (VFBIA) – Microtox
bioassay

To determine the ecotoxicity of the ACE-TPs in the treated samples, the
Microtox bioassay was adopted for acute toxicity screening. For samples with H2O2
addition, sodium thiosulfate was used as quenching agent and added immediately after
treatment to prevent any remaining H2O2 interfere with the toxicity results. Collected
samples with volume of 500 mL were lyophilized with a laboratory freeze dryer
(IlShin®, FD5512, Netherlands). After lyophilization, the collected freeze-dried
powder of each samples would be accurately weighted and reconstituted with 5 mL of
sterilized ultrapure water (through autoclave sterilization) for subsequent toxicity study.
For the determination of the acute toxicity, the marine bacterium Vibrio Fischeri was
used together with the Microtox Model 500 Analyzer for analysis (Modern Water,
Guildford, UK). The toxicity determination was done according to the standard method
BS EN ISO 11348-3 (2008).2 The pH of each sample was adjusted with HCl & NaOH,
and osmotically adjusted with the osmotic adjusting solution provided by Modern
Water. For quality control purpose, phenol would be used as the reference toxicant,
with the EC50 criterion set as 13-26 mg/L according to the standard method guideline.
Upon exposure (15 mins), the induced inhibition of bioluminescence percentage would
be calculated for each sample.
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Chapter 6 Conclusions and Future Outlook

6.1.

Thesis summary

Various types of catalytic advanced oxidation processes, adopting different
strategies for targeted enhancement were studied and evaluated mainly based on the
degradation and transformation of the target contaminant – acesulfame. The three
studied techniques in this thesis has undergone intensive investigation and discussion,
on the control and remediation of the continuous spreading contamination of the
emerging contaminants. The collective efforts of the above chapters hope to shed light
on future development of cAOPs, for more efficient and effective removal of emerging
contaminants.
In Chapter 2, the ACE degradation and transformation applying photo-Fenton
treatment was studied. Results had clearly indicated that the UV photo-Fenton
treatment is effective for the degradation of ACE, with the influence of the different
operation parameters systematically evaluated and optimized to maximize the
performance of the treatment. The real-time monitoring of the ACE transformation
under photo-Fenton treatment has revealed the generation of 14 transformation
products, with two new TPs found for the first time in applying Fenton-based
techniques on ACE. The choice of light radiation was observed to alter the
transformation pathway, and the light intensity would influence the degradation of the
transformation products. Through V. fischeri bioluminescence inhibition assay, the
prolonged photo-Fenton treatment was found not to induce an increase in toxicity,
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which could be due to the •OH generation efficiency, which is the key to the complete
degradation of TPs during the treatment and subsequent detoxification.
To further extend the use of cAOPs, the carbon and nitrogen co-doped TiO2
photocatalyst was used for heterogeneous photocatalytic oxidation of ACE under
simulated sunlight in Chapter 3. The use of C,N-TiO2 had allowed effective removal
of ACE under simulated sunlight, with the effect of the photocatalyst loading, light
radiation wavelength and water matrix assessed. The use of reactive species scavengers
to alter the degradation profile enabled the elucidation of participation of various
reactive species (•OH, 1O2, O2•-, hVB+) when applying SS/C,N-TiO2 for degradation of
ACE. These reactive species were also found to contribute in the formation of different
transformation products of ACE during the treatment process. Comparing with the
transformation profile obtained in ultrapure water, the transformation in ACE-spiked
tap water and wastewater sample had led to more complicated scenario, where reactive
chlorine species are formed due to the scavenging reaction of existing chloride, leading
to the formation of chlorinated transformation products. Through real time monitoring,
the SS/C,N-TiO2 was found unable to effectively remove the TPs produced, which
exerted significantly higher toxicity effect than the parent compound when the suite of
TPs was assessed by V. fischeri bioluminescence inhibition assay. Although the
SS/C,N-TiO2 could utilise the visible light spectrum, the slower removal of parent
compound & TPs, with the high toxicity of the treated reaction mixture remained a
concern.
As an alternative approach to accelerate the degradation of cAOPs without
external energy source, the introduction of redox mediators to intensify the Fenton163

based degradation had been investigated in Chapter 4. The introduction of
mercaptosuccinic acid to Fenton/Fenton-like systems have shown to be an effective
strategy for expanding the operational pH range to neutral pH condition through
accelerating the transition metal redox cycle and stabilizing the reduced low-valence
metal ion species. It was demonstrated that the combination of Cu(II)/PS/MSA was
extremely effective in removing various contaminants (ACE, ATZ, and CBZ). Through
applying UV-vis and mass spectrometry techniques, the working mechanism of the
Cu(II)/PS/MSA system was elucidated. Multiple reactive species were generated for
degradation as revealed by scavenger studies. Further investigation on the role of each
component had suggested that the combinations of different metal ions, redox
mediators and oxidants would lead to significant deviation in terms of degradation
efficiency. With the different reactive species applied, deviation between the
transformation profile of ACE compared to the previous studies were observed,
showing that the reactive species will alter the transformation pathway of the target
contaminants.

6.2.

Future Outlook

As demonstrated in this thesis, different cAOPs has shown different
performance in terms of degrading emerging contaminants and transformation products.
With the continuous development of both homogeneous and heterogeneous cAOPs, it
is expected that cAOPs would continue to contribute significantly on safeguarding the
ecosystem and human society from the potential hazard of the emerging contaminants.
164

In technical point of view, there could be a few areas that deserved further investigation.
Firstly, while the use of organic redox mediators has effectively enhanced the
performance of homogeneous system, the use of inorganic redox mediators (e.g. sulfite)
should also be explored. The use of inorganic additives may be more environmental
benign, but whether the same performance could be achieved requires further studies.
It would be interesting to see whether the same strategy could be extended for the
application in heterogeneous cAOPs. This will alleviate the problem on the concern of
soluble metal ions contamination of the treated water. Moreover, the changing to a
heterogeneous system would also allow easier recycling of the catalyst, which may in
long-term reduce the expenditure of the treatment.
In terms of the transformation of the emerging contaminants, it would be
important to evaluate the transformation process in more different kinds of actual water
matrix, for elucidating the complete and true picture of the transformation that would
occur in real situations. It is also important to evaluate the ecological toxicity of the
emerging contaminants and especially their TPs in a more diverse manner covering
different trophic levels. This will be beneficial to understand the impact of the TPs
towards the whole ecosystem. While the above toxicity evaluation is from a
macroscopic view, the toxicological impact should also be evaluated in a microscopic
view, that is to understand the molecular interaction of the transformation products
with biomolecules, which has led to the toxicity outcome. In degradation and
transformation studies, the connection between the transformation products and the
toxicity is still largely limited. While we can know whether the treatment of a
contaminant would lead to increase in toxicity or detoxification, we do not truly
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understand the correlation between the transformation products and the toxicity
outcome. How do all these produced TPs exert their potential toxicity effect, remains
to be the lost linkage between the elucidated TPs profile and the toxicity outcome at
this stage. In this regard, future studies could consider investigation on potential
molecular initiating events between the elucidated TPs and the biomolecules that may
lead to adverse outcomes. By doing so, knowledge of the mode of action of TPs leading
to toxicity could be revealed and may thus help in the future development of AOPs
techniques on minimizing the formation of toxic TPs during the oxidative treatment
process.
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