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Abstract 24 

 25 

Acesulfame (ACE) is one of the most commonly used artificial sweeteners. Because it 26 

is not metabolized in the human gut, it reaches the aquatic environment unchanged. In 27 

the present study, the reactivity of ACE in free chlorine-containing water was 28 

investigated for the first time. The degradation of ACE was found to follow pseudo- 29 

first-order kinetics. The first-order rate increased with decreasing pH from 9.4 to 4.8 30 

with estimated half-lives from 693 min to 2 min. Structural elucidation of the detected 31 

transformation products (TPs) was performed by ultra-high performance liquid 32 

chromatography coupled with quadrupole time-of-flight mass spectrometry. Integration 33 

of MS/MS fragments, isotopic pattern and exact mass allowed the characterization of 34 

up to 5 different TPs in the ultrapure water extracts analysed, including two proposed 35 

new chlorinated compounds reported for the first time. Unexpectedly, several known 36 

and regulated disinfection by-products (DBPs) were present in the ACE chlorinated 37 

solution. In addition, two of the six DBPs are proposed as N-DBPs. Time-course 38 

profiles of ACE and the identified by-products in tap water and wastewater samples 39 

were followed in order to simulate the actual disinfection process. Tap water did not 40 

significantly affect degradation, but wastewater did; it reacted with the ACE to produce 41 

several brominated-DBPs. A preliminary assessment of chlorinated mixtures by 42 

luminescence inhibition of Vibrio fischeri showed that these by-products were up to 43 

1.8-fold more toxic than the parent compound. The generation of these DBPs, both 44 

regulated and not, representing enhanced toxicity, make chlorine disinfection a 45 



controversial treatment for ACE. Further efforts are urgently needed to both assess the 46 

consequences of current water treatment processes on ACE and to develop new 47 

processes that will safely treat ACE. Human health and the health of our aquatic 48 

ecosystems are at stake.  49 

 50 

Keywords: acesulfame, chlorination, kinetics, disinfection by-products, environmental 51 

fate 52 

  53 



1. Introduction 54 

Chlorine-based selective oxidation is a chemical process commonly used to 55 

remove pathogenic microorganisms in water reclamation plants, swimming pools as 56 

well as wastewater treatment systems. However, recent published studies have 57 

uncovered unintended, undesirable consequence of this process in that it produces 58 

disinfection by-products (DBPs) related to the reactions of chlorine with synthetic 59 

chemicals that are now commonly detected in aquatic environments (Sedlak and von 60 

Gunten, 2011; Postigo et al., 2016). Concerns over DBP exposure are increasing 61 

because of a potential link between intake of chlorinated water and negative effects for 62 

humans, e.g. increased risk of asthma, miscarriages, poor semen quality, birth defects 63 

and bladder/colorectal cancer (Postigo and Richardson, 2014; Richardson and Kimura, 64 

2016). 65 

Although there is a great deal of information regarding the products of the 66 

chlorination of pharmaceuticals (EI Najjar et al., 2013; Negreira et al., 2015b; 2015c; 67 

Xiang et al., 2016), personal care products (de Oliveira e Sá, et al., 2014; Abdallah et 68 

al., 2015; Trebše et al., 2016) and herbicides (Chusaksri et al., 2012; Tawk et al., 2015), 69 

very little is known about the fate of food additives in chlorinated waters (Gan et al., 70 

2013; Subedi and Kannan, 2014). The artificial sweetener acesulfame (ACE) has 71 

become a hot topic because of its increasing consumption worldwide (now consumed 72 

in more than 100 countries), zero human metabolism, and consistent detection in 73 

finished drinking water (> 1 μg L-1, Buerge et al., 2009; Richardson and Kimura, 2016), 74 

marine seawater (up to 7.6 μg L-1, Gan et al., 2013; Sang et al., 2014) and wastewater 75 



treatment plants (up to 2,500 μg L-1, Loos et al., 2013). ACE is only partially removed 76 

in conventional municipal sewage systems and subsequently ends up in the bodies of 77 

water receiving these systems’ effluent (Scheurer et al., 2010). The safety of ACE as a 78 

food additive has been evaluated (FDA, 2014). Assessing the environmental 79 

significance of ACE requires an extensive understanding of the processes affecting its 80 

transformation and fate. ACE may undergo different kinds of transformations like 81 

photolysis and ozonation (Scheurer et al., 2012; Gan et al., 2014; Li et al., 2016). Our 82 

earlier studies found that photo-induced transformation products (TPs) of ACE were 83 

more toxic by > 500 times to marine bacteria than the precursor (Sang et al., 2014), and 84 

they interrupted fish embryo development in tail detachment, and 85 

heart/hatching/survival rate (Li et al., 2016). Yet, there has been no satisfactory 86 

remedial solution for ACE mineralization so far. 87 

When present in water, the reactivity of ACE towards chlorine is demanding 88 

because water disinfection process may influence ACE fate. Whether the attacks by the 89 

reactive chlorine species in the ACE chlorination process would form undesirable 90 

chlorinated by-products is unknown, just as whether chlorination can mineralize ACE 91 

residues in the aquatic environment is still unknown; both deserve comprehensive study. 92 

To date, only two research groups have done primary work on ACE chlorination. Their 93 

publication addresses these issues in a sentence, stating that ACE were not transformed 94 

or were degraded up to only 20 % under certain experimental conditions (Scheurer et 95 

al., 2010; Soh et al., 2011). No kinetic studies of ACE chlorination or of any resultant 96 

TP or of TPs’ environmental fate in real world applications have been published. 97 



Similarly, toxicity caused by ACE chlorinated derivatives has not been studied or 98 

reported, yet should also be kept under surveillance because these derivatives which 99 

might pose a long-term threat to human and environmental health due to potential 100 

production of DBPs.  101 

The present study was designed to assess ACE reactivity during chlorination in 102 

order to better understand its fate and potential threats to the environment. The report 103 

comprises three parts: (i) in the first part the chlorination kinetics of ACE are discussed, 104 

and rate constants are reported, determined as functions of pH; (ii) In the second part 105 

of the study, chlorination by-products were identified in pure and real waters; and (iii) 106 

the third part is a toxicity study of the TPs using marine bacteria Vibrio fischeri.  107 



2. Experimental   108 

2.1 Chemicals and reagents 109 

 110 

Chemical standard for the artificial sweetener acesulfame potassium was 111 

purchased from Sigma-Aldrich (≥ 99.0 %, HPLC, Germany). The ACE stock solution 112 

of 400 mg L-1 was prepared with Milli-Q water of 18.2 MΩ cm (Millipore, Billerica, 113 

MA, USA) and stored in the dark at 4 ºC. A solution of sodium hypochlorite (≥ 5.2 %) 114 

was purchased from Uni-Chem (China). The solution was stored at 4 ºC and its exact 115 

concentration was accurately determined prior to chlorination experiments by the N,N-116 

diethyl-p-phenylenediamine method (Clesceri et al., 1998). Sodium thiosulfate 117 

pentahydrate (extra pure) was from Junsei Chemical (Japan). Standard solutions of 118 

haloacetic acids (HAAs) and trihalomethanes (THMs) were obtained as mixed standard 119 

solutions (EPA 552.2 for HAAs and EPA 501/601 for THMs) (TraceCERT®) from 120 

Sigma-Aldrich (USA). For haloacetamides (HAcAms), individual standard for 121 

dichloroacetamide was obtained from Sigma-Aldrich (USA). 122 

All solvents were HPLC or LC-MS grade, and all other chemicals were analytical 123 

reagent grade. Methanol and formic acid (98 - 100 %) were acquired from Duksan 124 

(Korea) and International Laboratory (USA), respectively. Hydrochloric acid (HCl, 125 

37 %), sodium phosphate and sodium hydrogen phosphate were ordered from VWR 126 

Chemicals (Belgium). Methyl tert-butyl ether (MTBE) (>99.8 %) was obtained from 127 

Sigma-Aldrich (USA). 128 

Reagents for Microtox test were provided by Modern Water (Guildford, UK), 129 



entailing osmotic adjusting solution, diluent, reconstitution solution and acute reagent. 130 

 131 

2.2 Chlorination experiments 132 

 133 

Kinetic experiments were performed in a conical flask (25 mL) wrapped in 134 

aluminum foil in a temperature controlled (23 °C) water bath with constant shaking at 135 

100 rpm/min (SW 22, Julabo, Germany). Under pseudo-first-order conditions, the 136 

initial ACE concentration was 20 mg L-1 with the molar ratio of free chlorine at 1:25. 137 

To cover the typical aquatic pH range of real waters, which is of 6 - 9, a pH range of 138 

4.8 - 9.4 was studied. The pH of the tested aqueous solution was adjusted using 139 

phosphate buffer (100 mM). At constant time intervals, 2 mL of solution were 140 

withdrawn and mixed with an excess of Na2S2O3 (100 μM) to quench the residual 141 

chlorine. Chlorine/pH variation was within 20 % and 0.1, respectively. Samples filtered 142 

by 0.2 μm nylon membrane were analyzed using HPLC-DAD to determine the 143 

remaining ACE concentration. Each kinetic test was repeated twice.  144 

Search for TPs was performed on 2, 20 and 400 mg L-1 of ACE in the presence of 145 

different chlorine molar ratios of 1:2 and 1:20. The transformation was observed after 146 

addition of NaOCl to unbuffered/unquenched system with an initial pH of 7.0. Samples 147 

for TPs identification were not subjected to any pre-concentration. Control (without 148 

chlorine) and blank (with chlorine but without ACE) treatments were run in parallel. 149 

Finally, samples of tap water (pH 8.1) and wastewater (pH 8.3) were adjusted to 150 

pH 7.0 by HCl, spiked with 20 mg L-1 of ACE with chlorine molar ratio at 1:20. The 151 



samples were analyzed by UHPLC-MS at different reaction times in order to compare 152 

the results with the ones obtained in ultrapure water.  153 

  154 

2.3 Analytical methods 155 

 156 

During kinetic experiments, the concentration of ACE was determined by HPLC 157 

(Agilent 1200 series) (Agilent Technologies, Santa Clara, CA, USA) connected to a UV 158 

detector. Separation was performed using an XSelect CSH C18 column (150 × 2.1 mm, 159 

5 μm, Waters, USA) and using a flow rate of 0.5 mL/min. The mobile phase was a 20 160 

mM ammonium acetate buffer/methanol mixture (50/1 v/v). Injection volume was set 161 

at 10 μL. The UV detection was performed at 227 nm for ACE. 162 

Chlorination TPs of ACE were analyzed by UHPLC (Agilent 1290 series) coupled 163 

with QTOF-MS (Agilent 6540 series) (Agilent Technologies, Santa Clara, CA, USA). 164 

Chromatographic separation was performed on a Luna 3μ CN column (150 × 2.0 mm, 165 

3 μm, Phenomenex, USA) in the isocratic elution mode. Water and methanol both 166 

containing 0.1 % formic acid (v/v) were used as mobile phases A and B, respectively. 167 

The mobile phase composition was set at 95 % A and 5 % B for 5 min. The flow rate 168 

was set to 0.25 mL/min and the injected volume was 2 μL. Q-TOF mode was applied 169 

with ion source of Dual AJS electrospray interface (ESI) with mass correction at 170 

reference mass of m/z 112.9855 at negative mode while m/z 149.0233 at positive mode. 171 

High resolution mass spectra (m/z 40 - 500) were obtained at a rate of 2 spectra per 172 

second. TPs were screened in both positive and negative electrospray ionization modes, 173 



though the negative mode showed higher responses of TPs. Therefore, data derived 174 

from negative mode were applied for subsequent analyzes. The dry gas of nitrogen 175 

flowed at 8 L/min under 325 ºC while sheath gas of nitrogen was at 8 L/min with 350 176 

ºC, nebulizer was at 20 psig, fragmentor voltage was at 120 V, skimmer voltage was at 177 

65 V, octapole RFPeak voltage was at 750 V, Vcap was to 4,000 V and the nozzle 178 

voltage was set to 500 V. The instrument was operated at 4 GHz mode. 179 

Instrumental control, data acquisition and evaluation were performed with the 180 

software of MassHunter (Agilent Technologies). By removing background signals and 181 

grouping isotopic patterns, MassHunter generated a list of chemically discrete 182 

molecular features from the spectral data. The detected compounds were putatively 183 

identified by producing candidate formulae using a mass accuracy limit of 7 ppm. 184 

Thereafter, molecular ions were fragmented in order to obtain fragmentation patterns 185 

of ACE TPs at two collision energy of 5 V and 10 V. 186 

Trihalomethanes (THMs), haloacetic acids (HAAs) and haloacetamides (HAcAms) 187 

were identified by GC-MS and LC-QTRAP-MS with mass spectra matching and 188 

reference standards matching. Detailed instrumental conditions are shown in the 189 

Supplementary S1 and S2. 190 

 191 

2.4 Microtox test 192 

 193 

The toxicity of ACE TPs was assessed by using acute toxicity screening in 194 

chlorinated samples. 1 L of collected samples were lyophilized with a laboratory freeze 195 



dryer (IlShin®, FD5512, Netherlands) which yielded approximate 1 g of dried powder. 196 

The freeze-dried powder of the chlorinated mixture was accurately weighed and 197 

reconstituted with 10 mL ultrapure water for subsequent toxicity testing.  198 

The toxicity tests for V. fischeri were performed according to the standard method 199 

BS EN ISO 11348-3 (2008). Luminescence measurements were carried out by using a 200 

Microtox Model 500 analyzer (Modern Water, Guildford, UK) with a thermo block 201 

maintained at 15 ºC. The toxicant-induced inhibition of luminescence (%) was 202 

calculated upon decay after 15 min of exposure to ACE TPs and a control without ACE 203 

TPs. Solutions were adjusted to pH 7.5 ± 0.2 with HCl or NaOH before tests, as 204 

suggested by the standard method. Parallel tests were conducted in phenol as a 205 

reference toxicant for positive control with an EC50 criterion set in a typical 13 - 26 206 

mg L-1 range for quality control (BS EN ISO 11348-3, 2008). 207 

 208 

3. Results and discussion  209 

3.1 Chlorination kinetics 210 

 211 

In the control without chlorine, no obvious loss of ACE was observed, proving 212 

that ACE decay from non-chlorine mediated reaction was negligible (data not shown). 213 

The kinetics of initial chlorination of ACE was studied under experimental conditions 214 

developed for pseudo-first-order kinetics in excess of chlorine as represented by 215 

equation (1).  216 

−d[ACE]
dt

= kobs[ACE]                     (1) 217 



 218 

Where kobs is the first-order rate constant (min-1) and [ACE] is the concentration of ACE 219 

(mg L-1). After integration between t = 0 and t, 220 

 221 

ln [ACE]t
[ACE]0

= −kobst                        (2) 222 

 223 

Fig. 1 shows the representation of ln ([ACE]t/[ACE]0) versus time at different pHs 224 

for ACE. The results indicated that the rate of ACE chlorination could be well linearized 225 

using a pseudo-first-order kinetic law with r2 > 0.99 for all reactions. The order of the 226 

reaction was 1 with respect to ACE, and the observed first-order rate constants kobs were 227 

given as the slope of the curve according to equation (2). Degradation rates were 228 

speeded up by decreasing the sample pH, and so estimated half-lives (t1/2) varied from 229 

693 min at pH 9.4 to only 2 min at pH 4.8 although chlorine input at pH 9.4 was over 230 

ten-fold (Fig. 1 and Fig. S1). This pH-dependent behavior suggests that the reaction of 231 

ACE with chlorine is faster and more efficient at lower pH values due to the greater 232 

oxidizing strength of HOCl compared to dissociated OCl-. This phenomenon has been 233 

previously reported for trichloroethylene, benzoic acid, etoposide and ibuprofen (Wang 234 

et al., 2012; Fang et al., 2014; Negreira et al., 2015a; Xiang et al., 2016). 235 

Actually, the reaction of chlorine with most organic compounds has been shown 236 

to be a second-order reaction, first-order with respect to each reactant (González-237 

Mariño et al., 2015; Tawk et al., 2015). The second-order rate constants kapp were 238 

determined at several pH values according to equation (3) (Soufan et al., 2013; Tawk 239 



et al., 2015). 240 

 kobs = kapp[chlorine]0
n                  (3) 241 

log(kobs) = log�kapp�+nlog([chlorine]0)         (4) 242 

By plotting log(kobs) versus log([chlorine]0) (Equation 4), the reaction order “n” 243 

in [chlorine]0 is the slope of the regression line. Fig. 2 shows the pH dependence of 244 

reaction order rate constant “n” in [chlorine]0. At pH 6.5 and 7.5, the reaction order in 245 

[chlorine]0 is around 2, indicating two-order of reactive chlorine species between OCl- 246 

and HOCl. At pH 9.4, the value is close to 1, which can be explained by the lower 247 

reactivity of OCl- compared to HOCl (Deborde and von Gunten, 2008; Negreira et al., 248 

2015c; Xiang et al., 2016). Consistent with previous work, these results demonstrate 249 

that the role of Cl2O is significant at neutral pH (Sivey et al., 2010; Chusaksri et al., 250 

2012; Sivey and Roberts, 2012; Cai et al., 2013). 251 

The pseudo-first-order ACE chlorinated reaction was applied in the following TPs 252 

identification study with a varied molar excess of free chlorine at neutral pH, reflecting 253 

the application of chlorine typically used in water treatment plants. 254 

 255 

3.2 Identification of TPs 256 

 257 

Generation of TPs was evaluated by chlorinating ACE at three different 258 

concentrations (i.e. 2, 20 and 400 mg L-1) with two molar ratios of chlorine at 1:2 and 259 

1:20, respectively. Samples were analyzed by UHPLC-QTOF-MS in scan mode and 260 

screened for potential TPs by using MassHunter software. Molecular formulae for the 261 



detected TPs were inferred from the accurate mass measurements, the observed isotopic 262 

patterns, and MS/MS fragments. A high confidence in the TPs identification attributed 263 

to high mass accuracy measurements of the fragment ions. 264 

A total of 5 TPs were identified for ACE chlorination, matching the proposed 265 

molecular formulas within 4 ppm of mass measurement error (Table 1). Based on the 266 

characteristic chlorine isotopic pattern, one of them were concordant with mono-267 

chlorinated derivatives, two presented the isotopic cluster distinctive of dichlorinated 268 

species and one TP corresponded to trichlorinated compounds. MS/MS fragmentation 269 

of TP-130, TP-164, TP-206 and TP-240 mainly yielded the characteristic fragment ion 270 

(m/z 79.9575) corresponding to the sulfur trioxide moiety, indicating that for these TPs 271 

the transformation reactions did not affect this side chain (Fig. 3). At the initial spike of 272 

400 mg L-1 ACE and chlorine equivalent of 1:2, all the 5 TPs were detected. Analysis 273 

of the reaction mixture of aquatic chlorination at low levels of ACE, 20 and 2 mg L-1, 274 

allowed detecting only a few major products (Table S1). The TPs detected at the 275 

medium concentration of ACE (i.e., 20 mg L-1 ; col. c and d of Supplementary Table 276 

S1) are those that showed with a higher intensity at the highest ACE concentration (400 277 

mg L-1 ;Fig. S2). Taking the molar ratio of 1:20 ACE: chlorine as an example, reaction 278 

of ACE 400 mg L-1 showed that TP-130 had the highest intensity, followed by 279 

dichlorinated TP-164 and then TP-96 (Fig. S2b). Under ACE 20 mg L-1, the intensities 280 

of TP-130, TP-164 and TP-96 were all decreasing (Fig. S2d). Under ACE 2 mg L-1, TP-281 

130 and TP-164 were detected at a much lower intensity while TP-96 was not observed 282 

at all (Fig. S2f). Thus, these results suggest that the relative intensities of all observed 283 



TPs depend on the original concentration of ACE. Besides, high chlorine equivalents 284 

likely caused further transformation of TPs, signifying in shrinking abundance of TP-285 

206 and TP-240, and increasing abundance of TP-130 and TP-164 (Fig. S2). Such 286 

chlorine-dependent production of TPs has been delivered to UV filters, pharmaceutical 287 

and herbicides during chlorine disinfection of water (Armbruster et al., 2015; Manasfi 288 

et al., 2015; Tawk et al., 2015). Thus, the time profile of ACE chlorination deserves 289 

further attention in order to clarify TPs fate in the environment.  290 

To elucidate the structure of the chlorinated TPs, MS/MS spectra of the parent 291 

compound and its four chlorinated transformation products are detailed in Fig. 3. With 292 

the data of exact mass, isotopic pattern and MS/MS fragmentation, structural 293 

elucidation of the chlorinated TPs followed the confirmation criteria of a proposed level 294 

system (Schymanski et al., 2014). According to zero unsaturation and fragments 295 

determined at m/z 79.9575 [SO3]-, 81.9531 [ClHNS]- and 93.9599 [NSO3]- (Fig. 3), TP-296 

130 with m/z 129.9370 ([ClHNO3S]-, ∆m = -0.77) is proposed to have an open ring 297 

structure. Observation of the corresponding [M+2-H]- ion with abundance of about 1/3 298 

of the [M-H]- ion indicated one chlorine in the structure. Subsequent chlorination of 299 

TP-130, TP-164 presented the characteristic chlorine isotopic pattern of dichlorinated 300 

species, with molecular formula ([Cl2NO3S]-, ∆m = -0.61). MS/MS fragmentation 301 

yielded a fragment ion at m/z 128.9287 ([ClNO3S]-) revealing that a substitution 302 

reaction occurred in the nitrogen moiety (Fig. 3). TP-130 and TP-164 have a closer 303 

structural relationship, as demonstrated by three identical fragments ([SO3]-, [ClHNS]- 304 

and [NSO3]-) and close elution times (1.879 and 1.962 min). According to SciFinder, 305 



TP-130 and TP-164 could probably be N-mono- and N,N-dichlorosulfamic acids, 306 

respectively. Sulfamic acid (TP-96, [H2NO3S]-, ∆m = 2.08, Table 1) can react rapidly 307 

with HOCl to form N-chlorosulfamic acid (Kolar et al., 1983). This verifies the 308 

proposed pathway (Fig. 4). In practice, the N-monochlorinated and N,N-dichlorinated 309 

sulfamates have been patented for use in control of microorganisms in processing 310 

waters and have been used as preservatives to prevent spoilage of stored paper (US 311 

3328294 and 6471974). The empirical formula proposed for TP-206 ([C2H2Cl2NO4S]-, 312 

∆m = -2.43) has two atoms of carbon/hydrogen less, two atoms of chlorine more and 313 

two unsaturated atoms less than the precursor compound (Table 1). Its structure was 314 

inferred on fragment detections at m/z 79.9576 [SO3]-, 82.9465 [CHCl2]-, 95.9763 315 

[H2NO3S]-, 96.9606 [HSO4]-, 105.9609 [CNO3S]-, 125.9528 [C2H2Cl2NO]- and 316 

169.9325 [C2HClNO4S]- (Fig. 3) which showed the dichlorinated species’ isotopic 317 

pattern. It is hypothesized that nucleophilic attack of the nitrogen was to the carbonyl 318 

carbon, accompanied by demethylation; the reactive chlorine species then induced 319 

chlorine substitution to form a closed five-member heterocyclic ring. The structure of 320 

TP-240 is estimated to be an open ring, depending on fragment ions of m/z 79.9575 321 

[SO3]-, 96.9596 [HSO4]-, 121.9546 [CHNO4S]- and 159.9132 [C2HCl3NO]- (Fig. 3) 322 

together with one degree of unsaturation and the isotopic pattern of trichlorinated 323 

species (Table 1). The transformation pathway from ACE to TP-206 or TP-240 could 324 

not be elucidated as no intermediate was detected during this process. Hypothetically, 325 

we may say that ACE chlorination is initiated by oxidation, demethylation and reactive 326 

chlorine species incurred chlorination, and sustained through hydrolysis, chlorination 327 



and ring cleavage to form more stable products (Fig. 4). With all the above information, 328 

probable structures of transformation products of ACE chlorination were proposed with 329 

identification confidence of ‘level 2b’ according to the proposed level system 330 

(Schymanski et al., 2014). 331 

Besides the halogenated transformation products, six known DBPs were also 332 

formed unpredictably during ACE chlorination (Table 1). These known DBPs were 333 

identified and confirmed their structures by LC-QTOF-MS, LC-QTRAP-MS and/or 334 

GC-MS with reference standards or library spectrum match (Table S2 and Fig. S3). The 335 

production of these DBPs deserves special attention due to their known and potential 336 

toxicity. Among them, three are on the list of US EPA National Primary Drinking Water 337 

Regulations, inclusive of chlorite, chloroform and dichloroacetic acid. The formation 338 

of chloroform from chlorination has also been reported to β-triketones herbicides of 339 

tembotrione and sulcotrione (Tawk et al., 2015) and UV filters of oxybenzone, 340 

dioxybenzone and avobenzone (Duirk et al., 2013; Trebše et al., 2016). Chlorate is on 341 

the draft of the US EPA Drinking Water Contaminant Candidate List 4. Disturbingly, 342 

two N-DBPs of dichloroacetamide and trichloroacetamide were found in the ACE 343 

chlorinated solution. This might be rationalized as an electrophilic substitution of amine 344 

with HOCl (Negreira et al., 2015c). Even though these two N-DBPs are not on any 345 

regulated compound list, there is an urgent need to enlarge the scientific knowledge 346 

about transformation of ACE as precursor under chlorination. N-DBP is of particular 347 

concern due to its carcinogenic properties, which are far greater than halogenated DBPs 348 

(Shah and Mitch, 2012; Sgroi et al., 2015). 349 



 350 

3.3 Reactivity of ACE in real waters 351 

 352 

Since ACE may react with free chlorine during water treatment and potabilization, 353 

in order to know how it will affect the environment, we must investigate it under 354 

conditions that simulate actual water treatment. To this end, tap water and wastewater 355 

samples collected from water supply and Sha Tin Sewage Treatment Works 356 

(Supplementary, Fig. S4) of Hong Kong were spiked with ACE at 20 mg L-1 and free 357 

chlorine at a 1:20 molar ratio. Ultrapure water experiment was run in parallel so as to 358 

compare results. However, due to the complexity of the wastewater matrix, neither the 359 

abundance of ACE nor its TPs could be tracked using the above experimental design. 360 

A pilot study determined that a solution of ACE at 400 mg L-1 with a molar ratio of free 361 

chlorine at 1:2.5 produced detectable signals. The initial pH was adjusted to neutral. 362 

The water samples were not buffered in order to demonstrate environmental relevance 363 

of the reactivity. Aliquots of ultrapure water and tap water were taken at specified times 364 

up to 6 h while wastewater was up to 1 h. 365 

In both ultrapure and tap water, removal of ACE was almost complete (> 93 %) 366 

after 6 h, whereas in the wastewater sample it reached a maximum yield of 68 % after 367 

10 min, with no further ACE loss being observed afterwards (Fig. 5). This is likely due 368 

to the competition between the organic matter and ACE for chlorine, as has been 369 

illustrated in recent studies (González-Mariño et al., 2015; Negreira et al., 2015b; 2015c; 370 

Xiang et al., 2016). Most of the chlorine is expected to be consumed by substances in 371 



wastewater other than ACE, preventing its complete degradation.  372 

In general terms, good agreement was gained in the results with ultrapure and real 373 

waters (Fig. 5). The four TPs previously identified in ultrapure water were also detected 374 

in the tap water and wastewater chlorination experiments. Those six known DBPs were 375 

not all detected in real waters possibly because their levels were below the detection 376 

limit of the mass spectrometric system, thus they were not included in the current 377 

discussion. The response of each TP was expressed as (TP Area)t/(ACE Area)0 versus 378 

time. This approach is only for the purpose of discussing variation in TP abundance, its 379 

results do not indicate the concentration of TPs in the solution. TP formation showed a 380 

very similar profile in ultrapure and tap water (Fig. 5a and b; Fig. S5a) as follows: the 381 

relative abundance of TP-130 and TP-164 increased monotonically with increasing 382 

reaction time; the responses of TP-206 and TP-240 showed a fast increase reaching 383 

maximal abundance after 15 min, and then decayed slightly to near zero after 6 h as a 384 

consequence of their transformation into TP-130 and TP-164 under the condition of 385 

excess of free chlorine. Since Hong Kong uses seawater as flushing water, the 386 

wastewater is thus mainly composed of seawater and would normally contain a high 387 

level of bromide (20-32 mg L-1) (Yang et al., 2015). Reaction of active chlorine to 388 

wastwater triggered further formation of brominated-DBPs not produced in freshwater 389 

(Fig. S6). Some of these Br-DBPs are on the regulation list (Table S3). The potential 390 

formation of Br-DBPs should be a theme of further study due to their higher activity 391 

compared with chlorinated analogues in terms of mutagenicity, cytotoxicity, 392 

genotoxicity and developmental toxicity (Richardson et al., 2007; Yang and Zhang, 393 



2013; Liu and Zhang, 2014; Manasfi et al., 2015). Furthermore, the time-course profile 394 

in wastewater showed a different picture (Fig. 5c). Due to the limited free chlorine 395 

supply, transformation from TP-206 and TP-240 to TP-130 and TP-164, respectively, 396 

was not obvious. Alternatively, the signal of TP-206 rose steadily with time and showed 397 

relatively high abundance. The responses of TP-130, TP-164 and TP-240 increased up 398 

to 5 min and remained mostly constant from then on. Abundance of TP-164 was quite 399 

low.  400 

The time-course results are of great importance since these TPs are actually 401 

produced under typical real water disinfection conditions. The information in ACE 402 

chlorination in real waters provides an overview of its fate in the aquatic environment, 403 

which can be used for further monitoring studies. 404 

 405 

3.4 Toxicity evaluation of the DBPs 406 

 407 

The original ACE compound has been proven marginally toxic from Microtox 408 

screening with EC50 > 70,000 mg L-1, water flea acute immobilization with No 409 

Observed Effect Concentration (NOEC) at 1,000 mg L-1, fish embryo assay with NOEC 410 

at 10,000 mg L-1 (Stolte et al., 2013; Sang et al., 2014; Li et al., 2016). Actually, 411 

degradations of ACE involve more complex TPs. Our previous works have found 16 412 

TPs derived from ACE photolysis, inducing significantly elevated toxicity in both 413 

marine bacteria and zebrafish embryos (Sang et al., 2014; Li et al., 2016). Due to the 414 

production of chlorine-containing intermediates/products as well as known DBPs, ACE 415 



could still not be efficiently mineralized during chlorination disinfection. Alternatively, 416 

evaluation of the risk caused by the chlorination residues is of great importance in 417 

defining its environmental safety in the long run. 418 

To quantify chlorine-related toxicity of ACE, chlorinated samples were quenched 419 

and collected at defined intervals corresponding to different levels of ACE degradation 420 

(%). Two controls, one with no ACE input and the other with no chlorine additive, were 421 

run in parallel and aimed to verify toxicity origin. The initial findings of the current 422 

Microtox test displayed a dynamic variation in the toxicity of ACE chlorinated by-423 

products (Fig. 6). At the beginning, i.e. the zero ACE chlorination point, the advanced 424 

toxicity relative to the two controls should derive from buffer and quench agents. Tawk 425 

et al. (2015) has found that phosphate buffer inhibits bacteria luminescence. The lowest 426 

toxicity occurred at around 50 % ACE chlorination while the highest toxicity was at 427 

75 % ACE disappearance at a measureable magnification factor of 1.8 with respect to 428 

zero ACE degradation. As we know, excess chlorine facilitates a shift from TP-206 and 429 

TP-240 to TP-130 and TP-164 (Fig. 5a), respectively, which might contribute to toxicity 430 

variations accordingly. In such cases, chlorination disinfection may be still unable to 431 

remove ACE residues from the aquatic environment due to not only its production of 432 

TPs, regulated DBPs and even N-DBPs but also the enhanced accompanying toxicity. 433 

Results of the current toxicity work provided only preliminary data to evaluate potential 434 

impact of ACE chlorination. A comprehensive assessment is demanded for studies with 435 

multiple model organisms/organisms from different tropic levels.  436 



4. Conclusions 437 

 438 

 In excess of chlorine, ACE undergoes pseudo-first-order removal reactions. The 439 

first-order rates were enhanced by decreasing the sample pH with estimated ACE 440 

half-lives from 693 min to 2 min. Chlorine species were also affected by pH and 441 

consequently impacted ACE reactivity in the solution. 442 

 Significant formation of 5 TPs and 6 Cl-DBPs was recognized in the ultrapure 443 

water. Two chlorinated TPs were firstly identified in the current study. 444 

Unpredictably, ACE was found to be precursor of several regulated known DBPs 445 

and two N-DBPs. This raises new concerns about the fate of degradation by-446 

products in ACE disinfection and underscores the necessity to pursue more precise 447 

data.  448 

 With regard to ACE chlorination, toxicity as revealed by the Microtox assay 449 

showed a dynamic trend, which might be the result of further transformation of by-450 

products during chlorination. Relative to the start of ACE chloriation, the maximal 451 

toxic effect (1.8-fold) to marine bacteria occurred during the period with 75 % ACE 452 

degradation. 453 

 Time-course profiles in chlorinated tap water and wastewater presented TPs 454 

identical to those found in ultrapure water. The results are of great importance since 455 

information on the transformation pathway of ACE provides an overview of its fate 456 

in the aquatic environment. Notably, a batch of Br-DBPs was detected during ACE 457 

chlorination in wastewater, which is reported to be more toxic than Cl-DBPs.  458 



 To summarize, chlorine disinfection is not an optimal process for ACE removal 459 

because of its production of TPs, regulated DBPs and/or N-DBPs as well as its 460 

greater toxicity compared to the original chemical. Continuous study and 461 

technological development along these lines will be needed in order to improve 462 

ACE residue treatment such that it achieves decontamination and mineralization. 463 

  464 
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 623 
Fig. 1. Pseudo-first-order kinetic plot of ACE chlorination at pH of 4.8, 5.4, 6.5, 7.5, 624 
[ACE]0 = 20 mg L-1, [ACE]0 : [HOCl]0 at 1:25 while pH of 9.4, [ACE]0 = 20 mg L-1, 625 
[ACE]0 : [HOCl]0 at 1:340. 626 
  627 



 628 

 629 
Fig. 2. Reaction order plots in chlorine (as log (kobs) versus log ([HOCl]0)) at pH 6.5, 630 
7.5, 8.6, and 9.4. The slopes indicate the reaction order in chlorine. 631 
 632 
  633 
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 638 
 639 
Fig. 3. Accurate MS/MS spectra and fragmentation routes for acesulfame and its four 640 
transformation products (TP-130, TP-164, TP-206, TP-240); mass deviations from 641 
theoretical m/z values are indicated in brackets. 642 

643 
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 645 
 646 
Fig. 4. Proposed transformation pathway for acesulfame with free chlorine.  647 
  648 
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 651 
 652 
Fig. 5. Evolution profiles of acesulfame transformation products after aquatic 653 
chlorination with [ACE]0 20 mg L-1, [ACE]0 : [HOCl]0 at 1:2 in (a) ultrapure water, (b) 654 
tap water, and [ACE]0 400 mg L-1, [ACE]0 : [HOCl]0 at 1:2.5 in (c) wastewater. 655 
  656 



 657 
 658 

Fig. 6. Toxicity patterns during acesulfame chlorination with [ACE]0 20 mg L-1, 659 
[ACE]0 : [HOCl]0 at 1:20 in ultrapure water. 660 
 661 



Table 1 Exact mass information of acesulfame chlorination TPs and DBPs by using UHPLC-QTOF-MS. # 662 
Compound Chemical 

Formula 
[M-H]- 

Retention time 
(min) 

Experimental mass  
(relative abundance) 

[M-H]- 

Exact mass 
[M-H]- 

 Mass error  
∆m (ppm) 

DBEd 

ACE [C4H4NO4S]- 2.898 161.9865 161.9867 -1.23 3 
TP-96 [H2NO3S]- 1.892 95.9763 95.9761 2.08 0 
TP-130 [ClHNO3S]- 1.879 129.9370 (100), 131.9340 (34) 129.9371 -0.77 0 
TP-164 [Cl2NO3S]- 1.962 163.8980 (100), 165.8950 (70) 163.8981 -0.61 0 
TP-206 [C2H2Cl2NO4S]- 2.046 205.9087 (100), 207.9057 (66) 205.9087 0.00 1 
TP-240 [C2HCl3NO4S]- 2.689 239.8697 (98), 241.8668 (100) 239.8697 0.00 1 
Chlorite 

a [ClO2]- 1.997 66.9593 (100), 68.9565 (32) 66.9592 1.49 0 
Chlorate 

b [ClO3]- 2.016 82.9541 (100), 84.9511 (35) 82.9541 0.00 0 
Dichloroacetic acid 

a [C2HCl2O2]- 2.284  126.9359 (100), 128.9330 (60) 126.9359 0.00 1 
Dichloroacetamide c [C2H2Cl2NO]- 2.245 125.9522 (100), 127.9476 (71) 125.9519 2.38 1 
Trichloroacetamide c [C2HCl3NO]- 3.280 159.9128 (100), 161.9096 (90) 159.9129 -0.63 1 

a These chemicals are on the list of US EPA National Primary Drinking Water Regulations; 663 
b The chemical is on the list of US EPA Drinking Water Contaminant Candidate List 4 – Draft; 664 
c The chemicals are nitrogenous-DBPs which have not been regulated; 665 
d DBE: double bond equivalent. 666 
# Instrumental details for the analysis of each acesulfame chlorinated by-products are given in Table S2 of Supplementary. The disinfection byproduct, chloroform, was detected 667 
by GC-MS.  668 
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